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Absorption, adsorption and desorp-
tion affect the environmental fate 
and bioavailability of chemicals that 
come to contact with soil or sediment. 
For the sorption behavior of hydro-
phobic organic contaminants, the size 
of the total organic fraction of such 
solid materials is the most important 
factor, but the finer qualities of the 
heterogeneous organic and inorganic 
fractions also matter. Ecological risk 
assessments utilize experimental 
sorption and bioaccumulation studies 
and modeling to predict the expo-
sure of aquatic and soil organisms to 
chemicals.
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 ABSTRACT 
The role of sorption in the environmental fate of pesticides and 
polychlorinated biphenyls (PCBs) was explored from the point 
of view of ecological risk assessment by studying isotherms of 
sorption to carbonaceous geosorbents (CGs), desorption kinetics 
and bioaccumulation from artificially contaminated sediments, 
and pesticide leaching models that simulate sorption among 
other environmental fate processes and phenomena. Neither the 
equilibrium partitioning approach nor the rapid desorption 
behavior of fairly lipophilic organic chemicals (log Kow ~ 5) seem 
to produce a reliably conservative prediction of their 
bioaccumulation from sediments to the oligochaete Lumbriculus 
variegatus, a standard benthic invertebrate used in freshwater 
bioaccumulation studies; an uncertainty of at least 
approximately one order of magnitude remains. However, a 
regression determined earlier for a Tenax-extractable fraction of 
sediment polycyclic aromatic hydrocarbons (PAHs) and PCBs 
and their bioaccumulation in oligochaetes was found to work 
fairly well also for hydrophilic pesticides (log Kow 5–6). On basis 
of a dataset of the sorption of eleven different PCBs to three 
different CGs, comparative (based on sorbent or sorbate 
qualities) and some quantitative strategies for estimating 
parameter values for CG adsorption isotherm models 
(Langmuir and Polanyi-Dubinin-Manes) were assessed and 
tentatively proposed. For conservative regulatory risk 
assessment purposes, the relatively simple descriptions of 
sorption contained by pesticide leaching models were 
considered probably adequate, although the importance of their 
correct parameterization with a view to the endpoint of the risk 
assessment should be emphasized. 
 
Keywords: bioavailability, ecological risk assessment, soil, 
sorption, sediment, xenobiotics 
 
 LCSH keywords: Adsorption, Absorption, Bioaccumulation, 
Bioavailability, Ecological risk assessment, Environmental 
chemistry, Lake sediments, Soils, Xenobiotics 
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1 Background: Anthropo-
genic persistent organic 
contaminants in soil and 
surface-water sediments 
1.1 XENOBIOTICS 
Xenobiotic (“foreign to life”; derived from Greek) is a term used 
of chemical compounds present where they are not naturally 
expected. The International Society for the Study of Xenobiotics 
defines xenobiotics as “compounds that are foreign to an 
organism or are not part of its normal nutrition”. Xenobiotics 
include such chemicals as drugs, antibiotics and even natural 
hormones or other compounds (such as poisons) produced by 
some other species of organism, but also pesticides and 
anthropogenic chemicals from industrial processes which are 
present in the environment where they do not belong as a result 
of human activities. Organisms eliminate xenobiotics by a 
special xenobiotic metabolism. 
Anthropogenic xenobiotics are released into the environment 
mostly unintentionally and indirectly, through industrial 
processes or accidents, inappropriate waste disposal or 
dispersed end-use sources. Pesticides, particularly those in 
agricultural use on crops, are however applied in the 
environment directly and intentionally, and in substantial 
quantities.  
A group of xenobiotics of particular environmental concern 
are hydrophobic organic contaminants (HOCs), nonpolar 
organic compounds which, due to their basic molecular 
 16 
properties, commonly persist in the environment and have 
potential for biomagnification. HOCs include such compounds 
as polychlorinated biphenyls (PCBs), polycyclic aromatic 
hydrocarbons (PAHs), chlorobenzenes, dioxins, furans and 
many pesticides, particularly older ones such as DDT and 
dieldrin. Many HOCs are identified as persistent organic 
pollutants (POPs), or their behavior in the environment can be 
summarized by the abbreviation PBT (persistent, 
bioaccumulative, toxic) or vPvB (very persistent, very 
bioaccumulative) (Table 1). Since even low toxicity to some 
organisms is of concern in the case of highly persistent 
compounds which bioaccumulate in the environment, both PBT 
and vPvB compounds are subject to strict regulation or 
nonapproval in the European Union under Regulation (EC) no. 
1907/2006 concerning Registration, Evaluation, Authorisation 
and Restriction of Chemicals (REACH; EP and CEO, 2006) and 
EU Council Directive 91/414/EEC concerning the placing of 
plant protection products on the market (Council of the 
European Communities, 1991), revised in 2009 (EP and CEO, 
2009), which deals with reviewing the active substances of plant 
protection products (i.e., agricultural pesticides used on crops). 
The UNEP Stockholm Convention on POPs, adopted in 2001 
and ratified in 2004 (UNEP, 2001), seeks to globally eliminate or 
restrict the intentional or unintentional production and use of 
these compounds. 
Contamination is generally described as the unexpected or 
above-background presence of a substance in a medium where 
it should not be, while pollution is described as contamination 
which has (or has the potential to have) adverse biological 
effects. 
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1.2 SOIL AND SEDIMENT 
1.2.1 Soil 
Soils are mixtures of inorganic (mineral) and organic materials 
which cover the bedrock at a thickness ranging from a few 
centimeters to a hundred meters. The mineral fraction consists 
of grains of different sizes, produced by the erosion of various 
rocks and by physical and chemical processes (reactions with, 
e.g., water and oxygen). The organic fraction consists of remains 
of living organisms at different stages of decomposition, down 
to humus, which resists further breakdown. Due to their 
geological and climatic history combined with various 
environmental processes and phenomena, soils generally consist 
of layers that are distinct in their appearance, called soil 
horizons. In addition, the root zone and the unsaturated zone 
(down to the water table, which is the upper level of the 
saturated zone) are commonly distinguished (Manahan, 1994). 
The bulk density of soil varies (generally 1–2 g/cm3), but soil 
particles are generally loosely packed, with extensive pore space 
filled (and surface area to interact) with soil gas (soil air) and 
pore water. The former is air which, due to the decay of organic 
matter, contains less oxygen and more carbon dioxide than does 
atmospheric air, as well as volatile and gaseous decomposition 
products of organic matter; the latter is an aqueous solution 
similarly containing dissolved organic and inorganic 
compounds. The fraction of precipitation that does not 
evaporate from the topsoil and is not taken up by plant roots 
and transpired into the atmosphere or removed by lateral run-
off (on top of the soil) or drainage (within the soil) tends to leach 
through the soil toward the groundwater, through pores and 
cracks of various sizes and also by chromatographic saturation. 
Liquid flow may transport both particulate and dissolved 
matter and compounds both laterally and vertically, while 
volatile compounds may be transported in the gas phase and 
evaporate into the atmosphere (Leistra et al., 2001).  
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Soils act as habitats for a great variety of living organisms 
ranging from the roots of above-soil vegetation to microbes, 
fungi, terrestrial invertebrates, insects and earthworms and even 
small mammals. Many organisms feed directly on organic 
material, contributing to its decomposition, while others prey on 
those organisms. 
1.2.2 Sediment 
Surface-water sediments lie at the bottom of streams, ponds, 
lakes and oceans (Manahan, 1994). They consist of terrestrial 
material (eroded soil and rock) which has been washed into 
surface waters and transported in the air, and of organic and 
inorganic material accumulated from the water column above. 
Moving water transports sediment, the finest and lightest 
particles traveling the furthest. Sediments therefore form 
physically and – consequently – chemically partitioned patterns 
in the areas where streams enter ponds, lakes and the sea 
(Mudroch and MacKnight, 1994). 
Particularly under stagnant or slow-moving water, sediment 
settles, accumulates and forms layers much like soil. Sediment 
is, however, completely saturated with water, which forms ca. 
50 % of its volume (Ingersoll, 1995). A top layer of up to about 
ten centimeters is generally biologically active, acting as a 
habitat for microbes and more complex bottom-dwelling and 
bottom-feeding organisms, such as benthic invertebrates 
(including protozoans, insects, crustaceans, worms and 
mollusks), fish and the roots of water plants (Wetzel, 1983; Rand 
et al., 1995).  
1.2.3 The contamination and pollution of soils and sediments 
by hydrophobic organic compounds 
Soils contaminated or polluted with hydrophobic organic 
chemicals have derived from various industrial activities, waste 
disposal, application of pesticides on crops and other vegetation 
such as lawns, and atmospheric transport. Chemicals may be 
spilled on the ground either accidentally or on purpose as a 
form of disposal (Manahan, 1994). 
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Surface-water sediments gather contaminants and pollutants 
through direct accidental and intentional discharges and spills, 
direct application of pesticides (against, e.g., some water plants) 
and atmospheric transport (also from spraying of crops with 
pesticides in the vicinity) into the water body, but sediments 
may also accumulate slowly degrading HOCs from the entire 
watershed through leaching, run-off and erosion. Once a 
compound enters the water body and is attached to organic or 
particulate matter or enters a living organism, it eventually 
tends to settle with it to the bottom, becoming incorporated in 
sediment, either attached to organic or inorganic material or 
dissolved in pore water. While disturbances by benthic 
organisms and abiotic factors may release the compound at least 
temporarily into the water column, and it may bioaccumulate in 
benthic organisms to be passed up the food web (Rand et al., 
1995), contaminated sediment eventually tends to become 
buried under fresh, either clean or contaminated, layers of 
sediment and thus become unavailable to biota for the time 
being (Doody and Cushing, 2001). 
1.3 SORPTION 
Sorption is a form of partitioning in which a compound 
(sorbate) becomes associated with a solid phase (sorbent), such 
as soil or sediment or any solid particles. Sorption may take 
place either from a gas phase (in the environment, usually air) 
or from a liquid phase, usually an aqueous solution. If the 
compound becomes attached to a two-dimensional surface, this 
is called adsorption; if it becomes incorporated in a three-
dimensional matrix, the term absorption is used. The term 
desorption is used when a compound detaches from the solid 
phase it was previously adsorbed to or absorbed in 
(Schwarzenbach et al., 2003). 
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1.3.1 Sorption phenomena and mechanisms 
The partitioning of a chemical compound between two 
environmental phases comes about as the breaking and 
formation of intermolecular attractions. The “sum” of such 
broken and formed attractions determines the relative affinity of 
the compound for the competing phases, and therefore defines 
in which phase the compound is more likely to be found. The 
intermolecular attractive forces involved in sorption, much 
weaker than, e.g., covalent bonds, are so-called “non-specific” or 
“van der Waals interactions”, and specific or polar interactions. 
Covalent bonding between reactive moieties of the sorbate 
molecule and a molecule on a surface of the sorbent is, however, 
also possible (Schwarzenbach et al., 2003). 
Non-specific interactions include dispersive forces, which are 
due to the short-lived uneven electron distributions (dipoles) in 
adjacent molecules (these forces exist between all kinds of 
molecules and are therefore considered as a baseline for 
chemical attractions), as well as dipole-induced dipole forces 
and dipole-dipole forces, which involve permanent dipoles 
within the chemical structure of one or both of the molecules 
involved. The strength of dispersive attractions depends on the 
distance between the temporary dipoles and on the 
polarizability of the chemical and the surface of the sorbent. The 
polarizability of a molecule in turn is related to its ability to 
respond to light: it increases with increasing molecular size and 
the presence of conjugated electron systems, such as aromatic 
rings, or any large atoms, such as bromine or iodine, which have 
nonbonded electrons far from the nucleus (Schwarzenbach et al., 
2003).  
Specific interactions are due to particular molecular 
structures and therefore relatively strong local attractions. Such 
interactions may take place between an electron donor and an 
electron acceptor, in practice between structures where a 
hydrogen atom is bonded to nitrogen, oxygen or fluorine. Some 
of these are bipolar (e.g, amino group –NH2, hydroxyl group –
OH, carboxyl group –COOH) and may act either as the donor or 
the acceptor, while other structures may act only as an electron 
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donor (e.g., -C-O-C-, keto group >C=O) or acceptor (e.g., 
aromatic rings containing electron-withdrawing substituents) 
(Schwarzenbach et al., 2003). 
The sorption of a sorbate to a sorbent, particularly on its 
surface and the surfaces of pore spaces, is often conceptualized 
as taking place at sorption sites, specific locations which, due to 
their shape and the exposed parts of sorbent molecules, have a 
particular affinity for the molecules of a specific sorbate. 
Heterogeneous sorbents, such as natural organic material in 
soils and sediments, display different types of sorption sites of 
different affinities for a certain sorbate. The strength, or affinity, 
of the sorption of a compound to a certain type of sorption site 
depends on how energetically (thermodynamically) favorable 
the sorption of the sorbate molecule to that site is, as expressed 
by the change of Gibbs free energy. It should be noted that in 
addition to forming the intermolecular attractions or bonds 
between the sorbate molecule and molecules of the sorbent, 
other such molecular attractions must be broken to make room 
for the sorbate molecule. These are usually between molecules 
of the sorbent or between sorbent molecules and water 
molecules, although there may also be different sorbate 
molecules, such as various PCB congeners or natural organic 
compounds, competing for the same sorption site 
(Schwarzenbach et al., 2003). 
The higher the affinity of a sorption site for a chemical, the 
more the sorbed state of the chemical is favored against the 
dissolved state, and the less desorption takes place. Highly 
nonpolar, hydrophobic compounds have a negligible presence 
in the aqueous phase if a solid or liquid nonpolar organic phase 
is present, and some adsorption sites have such a high affinity 
for certain types of molecules that unless conditions drastically 
change, desorption is insignificant. The number of such specific 
adsorption sites (adsorption capacity) is limited, however, and 
they may at least partially be poorly or selectively accessible to 
sorbate molecules due to their location within the sorbent (e.g., 
in narrow pores). 
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The partitioning of chemicals between the aqueous phase 
(dissolved state) and a sorbent is often visualized by sorption 
isotherms, graphs which display their concentration in the 
sorbent as a function of the aquatic concentration at equilibrium 
at a fixed temperature. The most common shapes of sorption 
isotherms derived experimentally are linear, slightly convex 
(Freundlich isotherm), or nearly linear until a plateau is reached 
(Langmuir isotherm) (Schwarzenbach et al., 2003). 
Sorption is or may be affected by such environmental 
conditions as temperature, pH and competition from other 
sorbents. Sorption may also become stronger and less reversible 
with time, apparently due to the occurrence of various slow 
reactions, in a phenomenon known as aging, which reduces the 
extractability, bioavailability and toxicity of sorbed chemicals. 
These phenomena are not discussed in this thesis in detail. 
Physical disturbance (shaking or stirring) of a sorbent may also 
provide enough kinetic energy to break some fraction of the 
sorptive bonds, so that desorption to the aqueous solution takes 
place. 
1.3.1.1 Adsorption to carbonaceous geosorbents 
Carbonaceous geosorbents (CGs) (Cornelissen et al., 2005; 
Koelmans et al., 2006), also known as black carbon (BC) or soot 
carbon (SC), are relatively recently recognized, high-affinity 
adsorbents known to be ubiquitously present in the 
environment due to both natural phenomena and human 
activities. The characteristics and origin of such materials, the 
characteristics of chemical compounds that may strongly bind to 
CGs, and the relevant environmental conditions are 
summarized in Table 2. Through long-term diagenetic 
maturation or combustion, organic materials seem to become 
less polar and more aromatic, and a stronger sorbent for many 
HOCs, in some cases reducing their bioavailability significantly. 
The limited adsorption capacity of CGs means that they may 
generally dominate the environmental sorption of HOCs only 
up to aquatic concentrations of the ng/L level, but since 
environmental concentrations of HOCs are frequently very low, 
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 Sorbates Sorbents 
Properties 
Nonpolar organic 
compounds 
Lipophilic (log Kow > 4?) 
Planar or nearly planar 
molecular structure (or can 
achieve it) 
Small molecular thickness 
High carbon content 
Few polar functional groups 
Condensed and rigid aromatic 
structure 
High surface area 
Examples 
Polycyclic aromatic 
hydrocarbons (PAHs), 
polychlorinated biphenyls 
(PCBs), dioxins and furans 
(PCDD/Fs), polybrominated 
diphenyl ethers (PBDEs), 
diuron, benzene, 
chlorobenzenes, chlorinated 
short-chain aliphatic 
compounds 
Unburned coal, soot, charcoal, 
kerogen 
Origin 
Mostly anthropogenic 
chemicals and pollutants 
Diagenetic processes, 
incomplete combustion; both 
anthropogenic and natural 
sources 
Conditions for 
significant 
sorption to CG 
in environment 
Aqueous concentrations up 
to ng/L level 
CG/TOC more than a few %, or 
CG particles dissolved in the 
water column 
Table 2. Adsorption to carbonaceous geosorbents: relevant sorbate and sorbent 
characteristics and environmental conditions (Cornelissen et al., 2005; Koelmans et 
al., 2006). 
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and many of them have industrial sources coinciding with those 
of anthropogenic CGs, there are real ecotoxicological 
implications. It should be noted that, unlike aging, tight 
adsorption to CGs has been observed to occur within a short 
contact time (Jonker and Smedes, 2000). 
Whether adsorption to CGs takes place to surfaces, in narrow 
pores, or both, is at present poorly understood. Of the sorption 
isotherm models that can be interpreted mechanistically, the 
Langmuir models assume adsorption to surfaces in monolayers 
(although potentially to two surfaces at the same time, as in 
acorner; van Noort, 2006), while the Polanyi-Dubinin-Manes 
(PDM) model covers adsorption either to surfaces or in pores 
(Allen-King et al., 2002; Condon, 2000a). Similarly, the Langmuir 
models assume only one type (single Langmuir) or a few types 
(dual or triple Langmuir) of sorption site with fixed affinity for 
the sorbate, while the PDM model assumes heterogeneous 
sorption phenomena with a distribution of adsorption energies. 
As extensive experimental sorption isotherms of compounds to 
different CGs unaffected by other (particularly natural) sorbates 
have so far not been produced in abundance, the question of 
which of these models is closer to reality and more useful, and 
whether this may vary by sorbent and even sorbate, is still open. 
Also, the full range of compounds that may bind strongly to 
CGs can at present not be recognized on the basis of their 
molecular properties alone, although aromaticity and molecular 
planarity (flatness) are known to enhance adsorption. 
1.3.2 Sorption and the environmental fate of chemicals 
Once released from the original formulation or other matrix, a 
chemical compound may be present in the environment in solid 
state, in the gas phase (volatilized or evaporated), in the 
liquid/aquatic phase (dissolved or suspended), or attached to or 
buried in a solid matrix. Depending on environmental 
conditions such as temperature, moisture, and pH and changes 
in them, as well as the properties of the chemical, there may be 
significant exchange between these states. 
 26 
In the gas phase (air or atmosphere), chemicals are mobile in 
the environment, potentially in the long range, and may become 
attached to airborne particles which may eventually settle or be 
washed down by precipitation. They are susceptible to 
photolysis and to reactions with hydroxyl radicals. In the 
dissolved phase (surface waters, groundwater, soil pore water), 
they are mobile mainly in the short range, may become 
volatilized or sorbed, and are susceptible to hydrolysis, 
photolysis (in surface waters), microbial metabolic degradation 
and uptake by plants and other organisms, which may also 
metabolize them. 
While chemicals in the sorbed state may be environmentally 
mobile due to the sometimes long-range transport of dust and 
particulate matter in the atmosphere and in terrestrial runoff 
and surface water systems, such as streams, lakes and oceans, 
the tendency of particulate matter to settle due to gravitation 
usually limits such mobility. The solid matrix also at least 
partially shades the attached chemical molecule from light, 
limiting photolysis, and similarly limits contact with 
photooxidants, particularly in the case of absorption. As pH and 
redox conditions are very different in a solid environment from 
those in an aqueous solution, hydrolysis and reductive-
oxidative reactions also take place at very different rates. The 
bioavailability and therefore biodegradation of sorbed chemicals 
is known to be reduced compared to that of the same chemical 
in a dissolved state, the reduction in bioavailability probably 
being proportional to the strength of binding to the solid matrix. 
Particularly in the case of heterogenous environmental 
sorbents, the sorbent is often conceptually divided into 
equilibrium and non-equilibrium sorption phases. Chemicals 
are partitioned between the equilibrium phase and the aqueous 
solution in a predictable fashion according to a simple 
(generally linear or Freundlich) sorption isotherm, and their 
bioavailability from the sorbed state is also relatively easy to 
predict. The non-equilibrium phase covers CGs and other strong 
adsorbents, as well as aging, and sorbs chemicals much more 
strongly; the sorption isotherm tends to be more complex, and 
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both desorption and bioavailability may be reduced to a point 
where they may reasonably be ignored in environmental fate 
modeling, and the sorbed state may be considered permanent, 
at least under the prevailing circumstances.   
1.4 ECOLOGICAL RISK ASSESSMENT 
Risk is a measure of the probability, severity and magnitude of 
an adverse outcome in a given situation, e.g. if a certain action is 
taken or a chemical is released into an ecosystem in a certain 
manner and at a certain rate. 
Risk assessment is a systematic, often iterative process of 
determining and describing risks in hypothetical or existing 
situations. Developed originally for the purposes of financial 
decision-making, particularly in the field of insurance, risk 
assessment methodology has been adopted since the 1970s for 
the purpose of producing useful scientific and medical 
information on human health hazards for those responsible for 
regulating such hazards. An integral part of risk assessment is 
the explicit description and communication of the information 
and assumptions on which any specific assessment performed is 
based and the associated uncertainties, which makes it 
particularly well suited for informed decision-making, e.g., in 
the regulation of potentially hazardous chemicals (Paustenbach, 
2002).  
More recently, the same methodology has been adopted for 
assessing the risk of a stressor (e.g., a xenobiotic chemical) 
causing adverse ecological effects, in the form of ecological risk 
assessment (ERA), the guidelines of which were established by 
the U.S. Environmental Protection Agency in the 1990s (U.S. 
EPA, 1998). The major difference between human health risk 
assessment and ecological risk assessment is that the assessment 
endpoint is the ecosystem as a functional entity (represented by 
well-defined, measurable ecosystem characteristics) rather than 
the health of individual organisms. 
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The ERA process starts with problem formulation, a stage in 
which available information is used to identify a need for risk 
assessment, the situation under consideration (“what do we 
want to protect from what”) is defined, needs for more 
information are identified, and an initial plan for acquiring such 
information is formed. At the analysis stage, available and 
obtained information is used to characterize the exposure of the 
ecosystem to the stressor (exposure assessment), and effects of 
different levels of exposure (effects assessment). In the case of the 
ecotoxicological risk assessments of chemicals, the exposure 
assessment involves determining expected concentrations in all 
the relevant environmental compartments (water, soil, 
sediment, air), and the effects assessment consists of 
determining doses and environmental concentrations that seem 
to have no adverse effect, or have a certain degree of adverse 
effect, on the ecosystem under consideration. The results are 
integrated as risk characterization, a stage at which the risk is 
estimated and described on the basis of a comparison of the 
results of exposure and effects assessment. A simple and 
conservative form of risk assessment is usually performed first, 
and more relevant, precise and realistic information is gathered 
and incorporated as needed. 
In the regulatory evaluation of chemicals and pesticides in 
the European Union and the United States (EP and CEU, 2006, 
2009; FIFRA, 2006), the principles of ecological risk assessment 
are applied, although (particularly at the initial stage) in highly 
standardized forms. Such regulatory risk assessments are based 
on producing predicted environmental concentrations (PEC) to 
be compared with predicted no-effect concentrations (PNEC). 
The approach is tiered, the simple first-tier assessment - which 
requires only very basic information about the properties of the 
chemical and its uses - acting as a conservative (realistic worst-
case) screening stage designed to identify potential problem 
chemicals. In the case that the chemical does not pass this 
screening stage, the manufacturer or user of the chemical may 
choose to perform laboratory or field studies to produce 
information for more refined higher-tier assessments, possibly 
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incorporating risk management measures (such as restrictions in 
the use of the chemical) designed to eliminate risks or lower 
them to an acceptable level. 
1.4.1 Concentrations and bioavailability: the equilibrium 
partitioning approach  
The current practice in the ecotoxicological risk assessment of 
xenobiotics, particularly in the initial stages, is to measure or 
predict concentrations of the chemical in different 
environmental compartments and then to compare these 
concentrations to PNEC values or, e.g., to established sediment, 
soil or water quality criteria. Rather than concentrations, 
however, the information of actual ecotoxicological interest is 
the bioavailability – or even more relevantly, the toxicity – of the 
chemicals present in the environment.  
“Bioavailability” is not an explicit concept, and its meaning 
varies according to context and discipline, for example 
environmental chemistry or toxicology. The total amount or 
concentration of a chemical in soil or sediment is generally only 
partially free to interact with other molecules due to the fact that 
it is sorbed to or physically buried in the solid matrix. The 
fraction that is not tightly bound to the solid matrix through 
adsorption or aging may be described as environmentally 
available. Due to the physiology, behavior and feeding habits of 
various organisms dwelling in or feeding on sediment or soil, 
including avoidance in case of heavy contamination, only a 
small fraction of the environmentally available fraction is 
environmentally bioavailable. Organisms themselves may 
transform the chemical into less harmful metabolites, simply 
excrete it, or store it in tissues where it does no harm. This 
further decreases the amount of chemical which reaches the 
toxicological target tissues and cells and has toxic effects (the 
toxicologically bioavailable fraction). In the context of 
ecotoxicological risk assessments, bioavailability often simply 
refers to environmental availability. In cases where 
concentrations of the chemical in exposed organisms are 
determined, the environmental or even toxicological 
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bioavailability of the chemical to these species may, however, be 
assessed. 
The concentration of an organic chemical freely dissolved in 
pore water, rather than attached to either dissolved or solid 
matter, is considered to be particularly bioavailable to 
organisms dwelling in or feeding on soil or sediment, both from 
ingested water and through the external surfaces of the 
organisms. On the other hand, at least some of the chemical 
which is bound to solid or dissolved matter is usually also 
bioavailable, partly due to that fact that organisms ingest soil or 
sediment material and their digestion detaches the chemical 
from solid or dissolved sorbents to some degree, after which the 
chemical may be taken up from the gastrointestinal tract. The 
bioavailability of an organic chemical from soils and sediments 
appears to depend on the properties of both the chemical and 
the solid (generally organic) matrix, the organism in question, 
and environmental conditions, such as temperature, pH and 
oxygen. It appears that the nature and strength of the sorption 
of a given nonpolar organic chemical to different components of 
organic or even inorganic solid matter vary, which is connected 
to the environmental availability of the chemical. However, it 
has proved difficult to establish reliably predictable 
relationships between measurable properties of the chemical 
and the sorbent (either a soil or a sediment as a whole, or their 
various components) and either sorption or bioaccumulation 
parameters. 
The equilibrium partitioning (EqP) theory (Di Toro et al., 1991), 
generally useful for HOCs, assumes a thermodynamic 
equilibrium in the distribution of a nonpolar lipophilic organic 
compound between the organic carbon content of the sediment, 
pore water (aqueous phase) and the storage lipids (adipose 
tissue) of an organism in the steady state. All sorption is 
assumed to take place to the organic carbon fraction of the 
sediment, which should contain close to the total amount of the 
chemical present in the sediment. A concentration-independent 
distribution coefficient between the sorbed and the aqueous 
phases (KOC), almost equal to the Kow of the chemical, is also 
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assumed to apply. In the tissues of the organism, the total 
amount of the chemical is assumed to become associated with 
storage lipids. No degradation or biotransformation is assumed 
to take place. If these assumptions are reasonably close to 
reality, the concentration of the chemical in the animal 
normalized to its (storage) lipid content should at equilibrium 
be close to the concentration in the sediment normalized to its 
organic carbon content. If the storage lipids and the organic 
carbon fraction have an equal capacity for the chemical, the 
concentrations are equal. It is, however, generally found that 
animal lipids have a somewhat higher capacity for HOCs than 
does the organic carbon fraction of the sediment.   
The bioaccumulation factor (BAF) is calculated as the ratio of 
the concentrations of the chemical in an organism and in its food 
when in the steady state. For lipophilic organic compounds, it is 
routinely normalized to the lipid content of the organism and 
the organic carbon content of the sediment as the biota-sediment 
accumulation factor (BSAF), which tends to be far more 
comparable across different sediments, species and conditions. 
According to the equilibrium partitioning approach, BSAF 
should be constant and close to unity if the OC fraction of the 
soil or sediment is the only factor affecting the sorption and 
bioavailability of the compound, and equilibrium sorption 
(absorption) applies. In reality, BSAF levels around 1.7 have 
generally been found (McFarland and Clarke, 1986). It should be 
noted that although, in ecotoxicological terminology, the 
bioconcentration factor (BCF) is normally used for accumulation 
from the living environment through the skin and body wall 
and the bioaccumulation factors (BAF, BSAF) for accumulation 
from food or ingested water through the walls of the digestive 
tract, bioaccumulation factors calculated on the basis of 
measured concentrations cannot actually differentiate between 
different routes of exposure and therefore cover both 
bioconcentration and bioaccumulation, if both occur. Neither 
can the EqP theory, nor does it differentiate between the two. 
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1.5 AIMS OF THIS STUDY 
This thesis explores the role of various sorption phenomena in 
the context of the environmental fate of chemicals as a whole. 
Specifically, the aims were: 
 
1. to improve understanding of HOC sorption to CGs and 
the parameterization of mechanistic models, 
2. to improve understanding of connections between 
sediment qualities, desorption and the bioavailability of 
pesticides, 
3. to assess the conservativeness of current first-tier 
exposure assessment methodology as regards the effect 
of sorption, and to explore more realistic and less 
conservative options for higher-tier studies.  
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2 Materials and methods 
2.1 SORBENTS 
2.1.1 Lake sediments 
Four different lake sediments (S1–S4), originating from three 
lakes, Mekrijärvi, Kuorinka and Höytiäinen, in the region of 
North Karelia in Eastern Finland, were used for desorption and 
bioaccumulation studies in the laboratory. Sediments from the 
same locations have been sampled several times and used in a 
number of sorption, bioaccumulation and toxicity studies 
(Mäenpää et al., 2003; Cornelissen et al., 2004; Mäenpää and 
Kukkonen, 2006; Sormunen et al., 2008a and b, 2009a and b). The 
remote location of the lakes in unpolluted areas and several 
analyses (Ristola et al., 1996, 1999; Cornelissen et al., 2004) 
suggest that the contamination of the lakes is due to 
atmospheric transport, and that the trace levels of contaminants 
present do not affect sorption and bioaccumulation studies with 
chemicals added to the sediments in the laboratory.  
The consistency of the sediments ranges from highly organic 
mud (S1) to almost pure sand (S4). The determined 
characteristics of each sediment are presented in Table 3. The 
sediments used for the desorption experiment with 
pendimethalin originated from different batches taken from the 
same locations and had slightly different properties (see II). 
Prior to characterization and use, the sediments were sieved (1 
mm) in order to remove large particles and debris, and 
homogenized by stirring. Before spiking and experimental use, 
the sediments were stored in large, tightly covered plastic 
buckets in darkness at 5 ºC. 
2.1.1.1 Sediment spiking 
Each sediment was spiked (artificially contaminated) with a 
single compound at a time, to a constant concentration per dry
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weight (pendimethalin; 0.3 nmol/g (dw)) or per organic carbon 
content (chlorpyrifos; 5 nmol/g (OC) for S1–S3 and 30 nmol/g 
(OC) for S4, which has a very low organic content). The desired 
mass of sediment (2.5 kg for bioaccumulation experiments, 200 g 
for desorption only) was weighed into a large glass beaker, and 
the desired volume of solvent containing the radiolabeled 
compound was added on its surface with a syringe. The spiked 
sediment was immediately mechanically mixed with a rotating 
metal blade for at least three hours at room temperature. It was 
then stored in a refrigerator (4 or 7 ºC) until the experimental 
units of the desorption or bioaccumulation study were 
prepared. During mixing and storage, the beakers were covered 
with laboratory film in order to maintain the original moisture 
level of the sediment. Samples of the spiked sediments were 
taken at the beginning of the study for the determination of the 
actual concentration of the spiked compound by a liquid 
scintillation counter (LSC). 
2.1.2 Carbonaceous geosorbents 
Two “pure” carbonaceous geosorbents, coal and traffic soot, 
were used for adsorption isotherm studies. The originally Polish 
anthracite coal had been obtained from a Dutch power station, 
while the traffic soot had been collected with a brush from a 
number of used car exhaust pipes at a Dutch garage. The 
samples were sieved (50 μm), washed, dried, ground with 
mortar and sieved again (50 μm) (from traffic soot, metal 
particles were also removed with magnets) in order to simulate 
the creation of the small CG particle fraction that is most likely 
to be atmospherically transported and to dominate CG presence 
in sediments (Jonker and Koelmans, 2002a). The determined 
characteristics of these sorbents are presented in Table 4. 
2.2 COMPOUNDS 
2.2.1 Pesticides  
The basic physico-chemical characteristics of the pesticides 
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 Traffic soot Coal 
Total organic carbon % 63.6 ± 1.2 90.8 ± 5.6 
Soot carbon % 0.038 ± 0.008 3.47 ± 0.4 
Amorphous organic carbon % 63.6 ± 1.2 87.3 ± 5.6 
Specific density (g/cm3) 1.22 1.27 
Specific surface area (SSA) (m2/g) 59.4 3.5 
Total pore volume (cm3/g) 0.234 0.010 
Average pore diameter (nm) 15.8 11.6 
Table 4. Characteristics of the carbonaceous geosorbents used in the sorption isotherm 
studies (average ± SD) (Jonker and Koelmans, 2002a). 
 
chlorpyrifos, pendimethalin and atrazine are presented in Table 
5. The molecular structures are illustrated in Figure 1. The use, 
regulatory status and known aquatic ecotoxicity of the 
compounds are reviewed below. Since no directly 
corresponding desorption or sorption data are available for 
atrazine, the bioaccumulation data produced for the compound 
is discussed to a limited degree in this thesis. 
2.2.1.1 Chlorpyrifos 
Chlorpyrifos is an organophosphorus insecticide, acaricide and 
nematicide sold under a multitude of trade names (most 
famously Dursban). It is a broad-spectrum pesticide which acts 
by inhibiting acetylcholinesterase and can be used to control a 
wide variety of foliage and soil insects as well as mites and root-
knot nematodes on a large variety of agricultural crops. First 
registered in 1965, chlorpyrifos is one of the most widely used 
organophosphate insecticides and until recently one of the 
major insecticides in household use. Starting in 2000, nearly all 
household uses have been phased out in order to reduce human 
indoor exposure to the substance and to prevent neurotoxic 
effects on children and other sensitive groups. The U.S. EPA 
renewed the registration of chlorpyrifos in 2006 (U.S. EPA, 
2006b), and in the European Union it is included in Annex I (list 
of approved active substances) of 91/414/EEC, which allows EU 
Member States to renew their registration of
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chlorpyrifos products (Council of the European Communities, 
1991). 
Chlorpyrifos is considered to be moderately to highly toxic to 
fish and aquatic invertebrates. It is largely immobile in soil due 
to sorption and low water-solubility, but it can contaminate 
surface waters via spray drift and run-off and has been detected 
in fish tissues, making it possible that mammals feeding on 
aquatic organisms may be exposed. Several metabolites which 
tend to be more water-soluble and less toxic to aquatic 
organisms are also detected in the environment (U.S. EPA, 
2006b). 
In the bioaccumulation and desorption experiments, a 14C-
radiolabeled form of chlorpyrifos (pyridine-2,6-14C; American 
Radiolabeled Chemicals Inc., St. Louis, MO, USA) was used. For 
spiking, the compound was dissolved in acetone, and the 
chlorpyrifos concentration of the spiking solution determined 
by a liquid scintillation counter (LSC).  
2.2.1.2 Pendimethalin 
Pendimethalin is a dinitroaniline herbicide used on a large 
variety of agricultural crops and on lawns, for the control of 
grassy and some broad-leaved weeds. It prevents germination 
by microtubule disruption and by inhibiting cell division and 
elongation, and it can be applied pre-planting or pre- or post-
emergence. First registered in 1974, the U.S. EPA renewed the 
registration of pendimethalin in 1997 (U.S. EPA, 1997). In the 
European Union, it has been classified as a PBT compound and 
therefore comes under the cut-off criteria included in the 
revision of directive 91/414/EEC (EP and CEU, 2009). It will be 
banned from use in EU Member States from 2011. 
Pendimethalin is considered acutely highly toxic to fish and 
aquatic invertebrates, and adverse reproductive effects may 
occur at chronic exposure. The compound has a high potential 
to bioaccumulate in fish. It is immobile in soil due to strong 
binding to organic carbon, but persistent, since it is resistant to 
degradation by hydrolysis, photolysis or anaerobic microbial 
metabolism. Surface waters may be contaminated by spray drift 
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and run-off; the compound has been detected in surface waters 
but detection in groundwater is rare. Aquatic degradation by 
photolysis or microbial activity is slow, and residues bind to 
sediments (U.S. EPA, 1997).  
In the desorption experiments, a 14C-radiolabeled form of 
pendimethalin (benzene(U)-14C-pendimethalin; Cyanamid, 
Princeton, NJ, USA) was used. For spiking, the compound was 
dissolved in acetonitrile, and the pendimethalin concentration of 
the spiking solution was determined by LSC. 
2.2.1.3 Atrazine 
Atrazine is a triazine herbicide sold under a multitude of trade 
names and used on a large variety of agricultural crops for the 
control of broadleaf and some grassy weeds. It acts by inhibiting 
photosynthesis, and it can be used pre- and post-emergence 
(U.S. EPA, 2006a). First registered in 1958, atrazine is one of the 
most commonly used herbicides in the world and one of the two 
most widely used agricultural pesticides in the United States. 
U.S. EPA renewed the registration of atrazine in 2006 (U.S. EPA, 
2006a), while this pesticide was banned in the European Union 
in 2005, and by several EU Member States already by 1994, on 
the basis of the potential of groundwater contamination at levels 
exceeding 0.1 μg/L even when used appropriately (Ackerman, 
2007). 
Atrazine is considered to be slightly to moderately toxic to 
fish and slightly to highly toxic to aquatic invertebrates (U.S. 
EPA, 2006a). Adverse effects on amphibians are in dispute 
(Renner, 2008). The compound is considered to be mobile and 
persistent in the environment, and as expected, it has been 
widely detected in surface waters and groundwater. Atrazine is 
mainly degraded by microbes under aerobic conditions, and 
long half-lives in water (578 days) and sediment (330 d) have 
been observed. Atrazine metabolites, which have some common 
mechanisms of toxicity, are also widely detected in the 
environment (U.S. EPA, 2006a). 
In the bioaccumulation experiments, a 14C-radiolabelled form 
of atrazine (2-chloro-4-ethylamino-6-isopropylamino-1,3,5-
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triazine-ring-ul-14C; Sigma-Aldrich, St. Louis, MO, USA) was 
used. For spiking, the compound was dissolved in 96-% ethanol, 
and the atrazine concentration of the spiking solution was 
determined by LSC. 
2.2.2 Polychlorinated biphenyls (PCBs) 
Polychlorinated biphenyls are a group of synthetic HOCs in 
which chlorine has been substituted for 1–10 of the hydrogen 
atoms of a biphenyl structure (Figure 2). The chlorine 
substituents can attach to the coupled benzene rings at various 
positions. The 209 different PCB congeners are commonly 
identified according to a naming convention adopted by IUPAC 
and CAS (e.g., 2,2',5,5'-tetrachlorobiphenyl) and by congener 
numbers that have been assigned to each individual congener 
(e.g., PCB-52).  
 
 
 
 
Figure 2. Molecular structure of polychlorinated biphenyls, indicating the positioning 
of chlorine substituents according to the IUPAC and CAS naming convention. The 
ortho positions (which affect the planarity of the molecule) are 2, 2’, 6 and 6’. (Image: 
Polychlorinated_biphenyl_structure by D.328/Wikimedia Commons, used under the 
terms of the GNU Free Documentation License, Version 1.2.)  
 
PCB congeners display a relatively wide range of physico-
chemical properties depending on the number of the chlorine 
substituents (which increase the size of the molecule) and their 
positioning (which may restrict its three-dimensional shape). 
The more chlorine a congener contains, the more lipophilic and 
the less water-soluble, volatile and bioavailable (and usually less 
biodegradable) it is. The relatively large size of chlorine atoms 
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dictates that, when chlorine substituents are attached to the 
benzene rings at ortho positions (on either side of the coupling of 
the two benzene rings), the molecule cannot adopt a fully planar 
shape. The more chlorine substituents there are in these four 
positions, the further from planar the shape of the molecule will 
be. Planar PCB congeners are known to be more 
bioaccumulative and toxic than nonplanar ones, probably 
because planar molecules penetrate biomembranes more easily, 
and their environmental toxicity is often compared to that of the 
always planar dioxins and furans (Safe, 1994). At room 
temperature, PCBs are pale yellow or colorless liquids or solids, 
some of them volatile. They have high chemical, physical and 
biological stability and high boiling points. 
Due to their nonflammability and electrical insulating 
properties, various PCB mixtures (most famously known by the 
trade name Aroclor) have been used widely in industry in the 
past, particularly as coolants and lubricants in electrical 
equipment. The commercial production of PCBs started in the 
1930’s. The production volumes were at the highest level from 
the 1950’s to the 1970’s, until production was essentially 
terminated in the late 1970’s due to environmental concerns 
(ATSDR, 2000). In 1976, the USA prohibited the manufacture, 
processing and commercial distribution of PCBs, and the 
European Community banned their use in open applications. 
The European Union banned the use of PCBs as a raw material 
or chemical intermediate in 1985, and the EU directive 96/59/EC 
(CEU, 1996) has set the deadline of 2010 for the complete phase-
out or decontamination of all remaining equipment containing 
PCBs. The Stockholm Convention on POPs (UNEP, 2001) names 
PCBs as persistent organic pollutants and aims at eliminating 
PCB use in equipment by 2025. 
PCBs were discovered in 1966 to be environmental 
pollutants, and they are now known to be distinctly and 
ubiquitously present globally in water, sediments and fish and 
bird tissues (ATSDR, 2000). It is assumed that a majority of the 
total production volumes (estimated as 1.5 million metric tons) 
has entered the environment as a result of the earlier wide use of 
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PCBs in various relatively open applications and due to 
inappropriate disposal practices, accidents and leakages (Safe, 
1994). Due to their persistence and tendency to attach to dust 
particles, and the relative volatility of the lighter congeners, 
PCBs are efficiently transported by air currents over long 
distances, even to pristine areas.  
While particularly the highly chlorinated PCBs persist in the 
environment, certain anaerobic bacteria present in sediments 
have been found to dechlorinate extensively chlorinated PCB 
congeners to mono- or dichloro-substituted forms over very 
long periods of time, and aerobic bacteria in soils and sediments 
can in turn mineralize these light congeners (Field and Sierra-
Alvarez, 2008). There is also some indication that certain aerobic 
bacterial strains encountered in PCB-contaminated soils are 
capable of efficiently degrading PCB congeners, at least up to 
hexachlorobiphenyls (Adebusoye et al., 2008). In the 
atmosphere, PCBs are oxidized by reactions with 
photochemically formed hydroxyl radicals. In water, photolysis 
seems to be the only important abiotic degradation process 
(ATSDR, 2000). Since the most extensively chlorinated PCBs are 
effectively immobilized by strong binding to soil and other 
organic compartments of the environment, and the smallest 
congeners (three or fewer chlorine substituents) are not 
particularly persistent, the PCBs of greatest concern are the 
persistent yet relatively mobile “intermediate” congeners with 
4–8 chlorine substituents, especially those that are planar and 
therefore both bioaccumulative and particularly toxic. 
The U.S. EPA currently classifies PCBs as group B2 
carcinogens, considering that there is sufficient evidence of 
carcinogenity in animals, although there is inadequate or no 
evidence of carcinogenity in humans (U.S. EPA, 1996), while 
IARC has classified them as probable human carcinogens 
(group 2A) (IARC, 1987). A broad range of noncarcinogenic 
chronic toxic effects, including neurotoxicity, immunotoxicity, 
hepatotoxicity and detrimental effects on reproduction and 
development, have also been connected with PCB exposure. In 
terms of ecotoxicity, strong biomagnification of PCBs in food 
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chains occurs, particularly in aquatic ecosystems, and many top 
aquatic predators such as predatory fish, seals and fish-
consuming birds suffer from reproduction problems thought to 
be connected to endocrine disruption by PCBs and certain other 
HOCs, such as the notorious DDT (ATSDR, 2000). 
The physico-chemical properties of the eleven PCB congeners 
used in the sorption isotherm studies are presented in Table 6. 
Ranging from trichlorobiphenyls to hexachlorobiphenyls (3–6 
chlorine substituents), these congeners were chosen to match 
those used by Jonker and Koelmans (2002a), who determined 
for them partitioning coefficients between water and 
polyoxymethylene (KPOM; see section 2.6), as well as distribution 
coefficients at a single concentration for their adsorption to a 
range of CG materials, including the traffic soot and coal used in 
this study (2.1.2). These particular congeners were originally 
chosen to represent different degrees of chlorination in such a 
manner that congeners with the same number of chlorine 
substituents had comparable lipophilicity (log Kow) but different 
numbers of ortho chlorines and therefore different degrees of 
molecular planarity. This made it possible to study the effect of 
molecular size and planarity on sorption. The CG sorption of the 
same group of PCBs has been studied experimentally by 
Koelmans et al. (2009) and modeled by van Noort et al. (2004). 
The experimental units were spiked with all eleven congeners as 
a mixture dissolved in acetone (separate experiments with two 
of the congeners as single sorbates are not discussed here). As 
PCBs, due to their historical uses, are always present in the 
environment as mixtures of congeners, and the concentration 
levels used in the experiment were very low (pg–ng/L) and the 
effect of competition on the sorption of specific sorbates was 
therefore presumably minimal, it was considered justified to 
study the sorption of these compounds in mixture. 
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2.3 LUMBRICULUS VARIEGATUS 
Lumbriculus variegatus (blackworm) is a benthic oligochaete 
species commonly used in freshwater toxicity testing. They are 
thin reddish-brown worms which, in laboratory cultures, tend 
to grow to a length of 1–3 cm. L. variegatus are commonly found 
in the Northern Hemisphere (North America and Europe), 
where they live in shallow, oxygen-rich oligotrophic or 
mesotrophic freshwaters (Dermott and Munawar, 1992). 
Oligochaetes feed on organic material below the surface of the 
sediment and egest the undigested material onto the surface, 
thereby recycling deposited material in surface waters (Phipps 
et al., 1993; Leppänen and Kukkonen, 1998b). They also affect 
sediment structure and water-sediment exchanges and are an 
important part of aquatic food chains (Martin et al., 2008). As, in 
addition to their ecological importance, L. variegatus are easy to 
handle and keep in the laboratory due to their reproduction 
mechanism by fragmentation and regeneration and their 
tolerance of variation in temperature, oxygen level, pH and 
sediment characteristics, and as they have relatively low 
sensitivity to sediment contaminants and sufficient biomass for 
bioaccumulation assessments (Phipps et al., 1993, 1995; Brunson 
et al., 1998), they are commonly used as a model organism in 
benthic bioaccumulation and toxicity studies (e.g., Brunson et 
al., 1998; Kukkonen and Landrum, 1994; Kukkonen et al., 2004, 
2005; Landrum et al., 2007; Leppänen and Kukkonen, 1998b, 
2006; Leppänen et al., 2003; Mäenpää et al., 2003; Mäenpää and 
Kukkonen, 2006; Sormunen et al., 1998b, 1999a-b; van Hoof et al., 
2001; You et al., 2006, 2009). The use of L. variegatus in freshwater 
bioaccumulation testing has been standardized, e.g., by OECD 
(2008) and by the American Society for Testing and Materials 
(2000). 
The L. variegatus used in the bioaccumulation experiments 
originated from a laboratory culture maintained at the 
Laboratory of Aquatic Ecology and Ecotoxicology at the 
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University of Eastern Finland. They are reared at a constant 
temperature of 20 ± 1 ºC and under a light regime of 16 h light 
and 8 h darkness in artificial fresh water (pH 7, hardness 1.0 
mmol/L as Ca and Mg) in 5-L tanks, with constant aeration and 
tissue paper as nutrition (Mäenpää et al., 2003). 
2.4 BIOACCUMULATION STUDIES 
In work I, the bioaccumulation of the pesticides chlorpyrifos 
and atrazine from sediments spiked in the laboratory to L. 
variegatus after a short contact time of 5 days was studied. The 
experimental units were 250-mL glass beakers each containing 
approximately 60 g (wet weight) of sediment spiked with 
chlorpyrifos or atrazine and 150 mL of artificial fresh water, and 
accommodating eight L. variegatus. The experimental units were 
prepared two days after sediment spiking, by weighing spiked 
sediment into each beaker, and then carefully pouring the water 
on top of the sediment. The units were then left to settle at room 
temperature for three more days before the start of the 
experiment. 
The bioaccumulation experiments were started by adding the 
eight L. variegatus into each unit, after which they were left at 
room temperature (20 ± 1.5 ºC) with 16/8 h light/dark periods. 
Water was added to compensate for evaporation losses when 
needed, and water temperature and oxygen levels were 
monitored periodically. At predetermined and recorded 
sampling times up to ten days into the experiment, three units 
were removed. The water column and sediment of these units 
were sampled for determination of the radiolabeled pesticide by 
LSC in each compartment and the dry weight percentage of the 
sediment; the L. variegatus were then collected by sieving the 
sediment. The animals from each unit were kept in clean water 
for six hours in order to purge their gastrointestinal tract of 
ingested sediment, then they were blotted dry of excess water 
on tissue paper and weighed for fresh weight. After weighing, 
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they were dissolved in tissue solubilizer and their pesticide 
content was determined by LSC. 
While the spiked pesticide concentrations of the sediments 
were intended to be low enough so as not to be acutely toxic to 
L. variegatus, the animals were in all cases counted at sampling: 
no mortality was observed, and the animals had by the end of 
the bioaccumulation experiment multiplied in most sediments. 
In order to consider the nutritious quality of each sediment, 
parallel but smaller experimental units (25 g sediment, 25 mL 
water and four L. variegatus in 50-mL beaker) containing clean 
sediment were used. Animals from four such units were 
sampled halfway through and at the end of the bioaccumulation 
experiment, and their lipid content was determined and 
compared to that determined from animals sampled directly 
from the laboratory culture. No significant change in lipid 
content in the course of the experiment was observed in any 
sediment or needed to be taken into account when calculating 
bioaccumulation. 
The egestion rate of animals feeding on each sediment, 
assumed to be proportional to their feeding rate, was studied 
with triplicate separate units similar to those used for 
monitoring the lipid content of the animals, but containing 
spiked sediment and a thin layer of white quartz sand on the 
surface. As L. variegatus leave their fecal pellets on the surface of 
the sediment, and the pellets can easily be distinguished from 
the coarse white quartz sand, they could at intervals be collected 
with a pipette, filtered, dried and weighed. On the basis of the 
dry weight of the egested sediment, an estimate could be made 
of the total amount of chlorpyrifos ingested per fresh weight of 
the animals in each sediment.  
In order to prevent the photodegradation of the studied 
pesticides, the experiments were carried out under cold 
fluorescent light (< 500 nm). The extent of biotransformation and 
degradation in the course of the experiments was estimated on 
the basis of samples of the spiked sediment at the beginning of 
the biotransformation experiment and of sediment samples of 
duplicate units (parallel and similar to those of the actual 
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bioaccumulation experiment) sampled at the end of the 
bioaccumulation experiment. These samples were extracted by a 
method assumed to be specific for the parent pesticide or its 
close transformation products, which were then determined by 
LSC, comparing the extractability of the compounds between 
samples from the beginning and the end of the bioaccumulation 
study. As 85–103 % of the initial chlorpyrifos content was still 
extractable at the end of the experiment, chlorpyrifos 
concentrations were found not to drop to any significant degree 
as a result of biotransformation or degradation in the course of 
the experiment. For atrazine, only 35–94 % of the original 
content was extractable at the end of the experiment, which 
indicates either significant biotransformation or degradation, or 
possibly tight sorption to sediment particles in the course of the 
experiment.  
2.5 DESORPTION STUDIES 
The desorption kinetics of chlorpyrifos (I) and pendimethalin 
(II) from laboratory-spiked sediments to artificial fresh water 
after a short contact time of 2 to 5 days were studied by the 
Tenax method (Cornelissen et al., 1997b), which is based on an 
extractable third phase, Tenax beads, acting as an infinite sink 
for the studied compound, i.e. efficiently removing it from the 
aqueous phase. As Tenax beads float on the surface of water in 
undisturbed systems, while sediment sinks, they are easily 
separated from the system to a satisfactory degree when 
desirable. When the total amount of the studied compound in 
the system at the start of the experiment is known and the total 
amount of water (and the compound in it) removed with the 
Tenax beads can be considered negligible, the kinetics of the 
desorption process can be monitored. The method has been 
used for studying the desorption kinetics of HOCs such as 
PAHs, PCBs and chlorobenzenes (CBs) by numerous authors, 
including, e.g., Cornelissen et al. (1997a-c, 1999), Kukkonen et al. 
(2003, 2004, 2005), Landrum et al. (2007), Leppänen et al. (2003), 
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Sormunen et al. (2008a-b, 2009a-b), and van Noort et al. (2003), 
and that of pesticides by, e.g., You et al. (2006, 2009), Saalfield et 
al. (2007) and Yang et al. (2008). It should be noted that, owing to 
the required quantitative removal of the desorbed compound 
from water by Tenax, the method appears to be suited only for 
sufficiently hydrophobic compounds: quantitative sorption at 
the experimental concentrations was established for 
pendimethalin and chlorpyrifos (log Kow ~ 5), but did not occur 
for atrazine (log Kow ~ 2). For more hydrophilic compounds, 
such as atrazine, desorption studies need to be designed 
differently, perhaps as adaptations of the batch equilibrium 
method standardized by OECD (2000). 
Two slightly different versions of the Tenax method were 
employed: 2–3 g (wet weight) of sediment spiked with the 
radiolabeled pesticide, 50 mL of water and 0.2 g of Tenax resin 
beads were added to either separation funnels or glass tubes, 
which were then continuously mixed on a mechanical shaker. 
Each spiked sediment was studied in duplicate. At 
predetermined and recorded intervals, for the total duration of 
21 or 24 days, the Tenax beads were collected from each unit 
and replaced with a new batch. The Tenax beads of each unit 
were then extracted for the pesticide, which was determined by 
LSC. The determined amounts removed from the system were 
subtracted in sequence from the total amount at the beginning 
of the desorption study, and at the end of the study, the 
sediment and water were sampled and their pesticide 
concentrations determined by LSC in order to calculate the mass 
balance. 
As the amount and concentrations of the pesticides were 
determined on basis of the scintillation alone, and the method 
cannot distinguish between the parent compound and its 
degradation products, biotransformation was eliminated by 
means of a biocidal concentration (50 mg/L) of HgCl2 in the 
water used, and the experiments were performed under cold 
fluorescent light (< 500 nm) in order to prevent 
photodegradation. 
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2.6 SORPTION ISOTHERM DETERMINATION 
The sorption isotherms of PCBs to the carbonaceous geosorbents 
coal and traffic soot (III) were determined by the POM-SPE 
method (Jonker and Koelmans, 2001). Accurate determination of 
sorption to CGs is challenging, owing to the high distribution 
coefficients and therefore very low aqueous concentrations 
involved and the difficulty of adequately separating water and 
the soot-like sorbents, which tend to consist partly of very small 
particles that cannot be separated from water by filtration or 
centrifuging. Inadequate separation results in overestimation of 
the aqueous concentrations and therefore in low distribution 
coefficients and overestimation of the bioavailability of the 
chemicals studied. The POM-SPE method determines aqueous 
and sorbed concentrations indirectly on the basis of the linear 
partitioning of the chemical from water to a third phase, a flat 
piece of polyoxymethylene (POM) plastic. This material is well 
suited for the purpose since it absorbs hydrophobic organic 
chemicals reasonably strongly and linearly over a wide range of 
concentrations, is easily wiped clean of small particles due to its 
smooth and hard surface and can be Soxhlet extracted. The 
POM-SPE method has been applied for determining the 
sorption of PAHs and PCBs to various carbonaceous 
geosorbents and sediments (Jonker and Koelmans, 2001 and 
2002; Jonker et al., 2003 and 2004; Cornelissen and Gustafsson, 
2004 and 2005; Cornelissen et al., 2004a and b; Koelmans et al., 
2009), and freely dissolved concentrations of HOCs in sediment 
pore water (e.g., Sormunen et al., 2008b; Hawthorne et al., 2009; 
Cornelissen et al., 2010). 
The three-phase experimental system used in the POM-SPE 
method has the following mass balance for the studied chemical: 
 
POMPOMwwsstot MCVCMCQ ++=     (1) 
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in which Qtot is the total amount of the chemical in the system, 
Cs, Cw and CPOM are the concentrations in the CG, water and 
POM, Ms and MPOM are the respective masses of the phases, and 
Vw is the volume of the water phase (calculated from the mass, 
usually assuming that 1 L of water weighs exactly 1 kg). When 
Qtot, Ms, Vw and MPOM are known on basis of the experimental 
setup, the partitioning coefficient KPOM of the chemical between 
water and POM has been experimentally determined, and CPOM 
has been determined by extraction of the POM strip, the 
aqueous concentration of the chemical in the experimental 
system can first be calculated: 
 
POM
POM
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After which the concentration in the CG can be calculated from 
the mass balance: 
 
s
POMPOMwwtot
s M
MCVCQC )( --=
    (3)
 
  
Ks, the soot-water distribution coefficient, can in turn be 
calculated as follows: 
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For the purpose of determining the sorption isotherms 
(sorbed concentration as a function of dissolved concentration at 
a constant temperature), a series of glass bottles containing a 
range of total concentrations of PCBs and predetermined and 
weighed amounts of water (50–500 mL), CG (5–125 mg) and 
POM (0.2–1 g) were sealed and equilibrated on a mechanical 
shaker for four weeks at 20 ºC. The POM strips were then 
removed and extracted for PCBs to be determined by a gas 
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chromatograph (GC); the resulting CPOM (together with KPOMs by 
Jonker and Koelmans, 2001) was used to calculate the aqueous 
concentration Cw by equation 2 and in turn the sorbed 
concentration Cs by equation 3. 
In order to prevent degradation of the PCBs during the 
experiment, a biocidal concentration (25 mg/L) of NaN3 was 
used in the experimental systems to eliminate biotransformation 
and brown glass bottles were used for the prevention of 
photodegradation. 
2.7 MODELING 
Micromath Scientist v2.01 (Micromath, Saint Louis, MO, USA) 
and Graphpad Prism v5 (Graphpad Software, Inc., San Diego, 
CA, USA) software were used to fit models to the 
bioaccumulation, desorption and sorption data. 
2.7.1 Bioaccumulation 
The bioaccumulation data were fitted to a first-order kinetic 
model by Landrum (1989): 
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where Ca and Cs are the concentration of the chemical in the 
animal and sediment (μmol kg-1), ks is the uptake clearance 
coefficient (g (dw) g-1 (fw) h-1), ke is the conditional elimination 
rate coefficient (h-1), t is time (h), and λ is the slope of the 
decrease of sediment concentrations with time (h-1). The 
bioaccumulation factor (BAF) was calculated as both BAF = ks/ke 
and as the ratio of the concentration of the studied compound in 
the animals at the end of the experiment (μmol kg-1 (fw)) to the 
concentration in sediment at the start of the experiment (μmol 
kg-1 (dw)). The biota-sediment accumulation factor BSAF was 
calculated as BAF (ks/ke) normalized to the lipid content of the 
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animal and the organic carbon content (TOC fraction) in the 
sediment. 
2.7.2 Desorption kinetics 
The desorption data were fitted to two- and three-compartment 
first-order desorption models (Cornelissen et al., 1997b and c), 
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and 
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where St and S0 are the concentrations of the studied compound 
left in sediment at time t (h) and at the start of the experiment, 
Frapid, Fslow and Fveryslow are the rapidly, slowly, and very slowly 
desorbed fractions of the compound in the sediment, and krapid, 
kslow and kveryslow are the respective desorption rate constants (h-1). 
2.7.3 Sorption isotherms 
The sorption isotherm data were fitted to a number of different 
sorption isotherm models. The simplest, the linear sorption 
model, gives the relationship of the sorbed (Cs, μmol kg-1) and 
the aqueous concentrations (Cw, μmol L-1) of the compound as 
follows: 
 
wss CKC =        (8) 
 
where Ks (L kg-1) is the solid-water distribution coefficient of the 
compound. 
The Freundlich sorption model is given by: 
 
n
wFs CKC =       (9) 
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where KF is the Freundlich coefficient ((μmol kg-1) (μmol L-1)-n), 
and n is the dimensionless Freundlich exponent.  
The Langmuir models are given by: 
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where Qmax,n (e.g., μmol/kg) is the maximum adsorption capacity 
of sorption site type n for the compound, and bn (e.g., m3/μmol) 
is the Langmuir affinity constant of the compound for the 
sorption site type n. The most common forms of this model are 
the single (i = 1) and the dual (i = 2) Langmuir models. 
The Polanyi-Dubinin-Manes (PDM) model, in this form 
presented by Pikaar et al. (2006), is given by: 
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where S is the aqueous solubility (μmol L-1) of the chemical in its 
normal state (solid or liquid) at experimental temperature T (K), 
Z (J mol-1) and d (-) are fitting parameters, and R (J mol-1 K-1) is 
the ideal gas constant. 
2.7.4 Pesticide fate models 
Current pesticide fate models of the soil column scale, each 
including a description of sorption processes, were reviewed on 
the basis of the literature. These models were PEARL (Tiktak et 
al., 2000; Leistra et al., 2001), PELMO (Klein, 1995), MACRO 
(Larsbo and Jarvis, 2003) and PRZM-3 (Carsel et al., 1998), as 
well as the older and somewhat less refined models GLEAMS 
(Knisel and Davis, 1999), VARLEACH (Walker, 1987) and 
LEACHM (Hutson and Wagenet, 1995). 
 
 55 
2.8 STATISTICS 
The fits of the two desorption models (equations 6 and 7) were 
compared with the extra sum-of-squares F-test (Motulsky and 
Christopoulos, 2003), which is well suited for comparing the 
performance of two models that are related, one being a simpler 
case of the other: 
 
( ) ( )
22
2121
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DFDFSSSSF --=      (12) 
 
where SS1 and SS2 are the sums of squares and DF1 and DF2 
the degrees of freedom of the simpler (1) and more complicated 
(2) model. 
The fits of the sorption isotherm models were compared, one 
against another, by means of the F-test on the mean square of 
residuals (Pikaar et al., 2006): 
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The differences of sorption isotherm model parameter values 
between sorbents were tested by means of the paired-samples t-
test (in which the parameters values for the same PCB congener 
were paired), and the independent-samples t-test was used for 
testing the differences between planarity groups. SPSS v15 
software (SPSS Inc., Chicago, IL, USA) was used for these tests. 
The criterion for a significant difference in model 
performance or parameter values was p < 0.05. 
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3 Results and discussion 
The factors obtained for the bioaccumulation of chlorpyrifos and 
atrazine to L. variegatus (I) are presented in Figure 3. The 
desorption curves from the studied sediments obtained for 
pendimethalin (II) and chlorpyrifos (I) are presented in Figure 5. 
The isotherms obtained for the sorption of PCBs to traffic soot 
and coal (III) are presented in Figure 6.   
3.1 SORPTION AND BIOAVAILABILITY  
Due to the complexity of sorption phenomena and their 
relationship with the bioavailability of chemicals, a common 
approach in current risk assessment is the direct measurement 
of the toxicity or bioaccumulation of chemicals from a 
contaminated soil or sediment to organisms exposed to it, 
whenever practical. Such studies have been conducted both 
with authentic contaminated soils or sediments from the field 
(either in situ or in the laboratory) or with artificially 
contaminated materials. When authentic contaminated materials 
are used, the organisms used are most likely exposed to an 
ecotoxicologically realistic mixture of contaminants, and the 
results are the most relevant for the ecotoxicological risk 
assessment of a particular contaminated site. The studies with 
artificially contaminated materials, while less realistic, are more 
flexible and may provide information that is more generally 
applicable. Particularly in the laboratory, the effect of variable 
conditions, such as the contact time of the chemical with the soil 
or sediment, the composition and other properties of the soil 
and sediment, and temperature and moisture can also be 
studied. 
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3.1.1 Bioaccumulation and the properties of chemicals 
The bioaccumulation of pendimethalin and chlorpyrifos, two 
pesticides of similar lipophilicity (see Table 5), to L. variegatus 
from the same four freshwater sediments were studied by 
Mäenpää et al. (2003) and in work I, respectively. In work I, the 
bioaccumulation of the more hydrophilic pesticide atrazine was 
also studied. The experimental methods, procedures and 
conditions were similar. In each case, the otherwise close to 
pristine sediments were contaminated artificially with the 
radiolabeled compound, and the bioaccumulation experiments 
were started after a short contact time (2 d for pendimethalin, 5 
d for chlorpyrifos and atrazine). The initial concentrations in the 
sediment were somewhat higher in the chlorpyrifos and 
atrazine experiments (0.0038–0.074 µmol/kg (OC) for 
pendimethalin, 4.4–46 µmol/kg (OC) for chlorpyrifos and 3.2–10 
µmol/kg (OC) for atrazine). In spite of the similar level of 
lipophilicity, the BSAF values were notably higher for 
chlorpyrifos than for pendimethalin (Figure 3), indicating much 
stronger bioaccumulation. The difference may, at least partly, be 
due to the somewhat higher water-solubility of chlorpyrifos (see 
Table 3), which may therefore be more available to L. variegatus 
from either the surrounding or the ingested pore water. It is also 
possible that chlorpyrifos is for some reason taken in by the 
organism more effectively than is pendimethalin, or that it is 
bound to other tissues of L. variegatus than its storage lipids. 
While the bioaccumulation factors calculated for atrazine are 
mostly of a similar level as those of pendimethalin, it should be 
noted that these results are not directly comparable due to the 
much higher water-solubility of atrazine. As stated in 1.4.1., the 
EqP approach assumes that very nearly the total amount of 
chemical present in sediment is associated with the OC fraction; 
however, the bioaccumulation factors calculated for all of the 
pesticides in this study are based on sediment concentrations 
(Cs) which include pore water. According to calculations based 
on the measured concentration of the pesticide in the water
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Figure 3. Bioaccumulation factors BAF (ks/ke) and BSAF (BAF x fOC/flipid) of A) 
pendimethalin (Mäenpää et al., 2003), B) chlorpyrifos (I) and C) atrazine (I) from 
sediments S1–S4 to L. variegatus, as described in the references. 
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separated from the spiked sediment by centrifuging (8000 rpm 
for 30 minutes), up to ca. 5 % of the chlorpyrifos present in the 
spiked sediment was in pore water, and similar fractions 
probably apply to the slightly less water-soluble pendimethalin. 
For atrazine, however, 10–70 % of the total concentration in 
sediment was found in pore water in S1–S3, and the fraction in 
pore water in S4 could not be reliably determined but appeared 
to be very high. It is therefore probable that the test organisms 
absorbed atrazine to a significant degree directly from pore 
water rather than from ingested solid material. Since it is also 
questionable whether atrazine behaves according to another 
EqP assumption and becomes nearly exclusively associated with 
the storage lipid compartment within the test organisms, BSAF 
is not a particularly appropriate bioaccumulation parameter for 
this compound. Like BSAF, BAF (as such a more universal 
bioaccumulation parameter) was also calculated using sediment 
concentrations which included pore water. While lower actual 
Css indicate higher actual BAFs, the pattern of BAFs appears to 
be fairly similar for atrazine as for the more lipophilic 
pendimethalin and chlorpyrifos (Figure 3), suggesting that the 
same sediment characteristics (mainly, the OC content) that are 
responsible for the differences in bioaccumulation from the 
different sediments may largely explain the differences for 
atrazine as well. However, for atrazine, bioconcentration from 
water should probably also be considered, particularly since 
environmental monitoring has shown the compound to persist 
both in water and in sediment. 
3.1.2 Bioaccumulation and desorption 
A great deal of research effort has recently gone into developing 
methods of measuring the concentrations of organic chemicals 
in soils and sediments or extracting the chemicals in such a way 
that the result equals or has a predictable relationship with the 
bioavailability of the chemical for a certain organism. Such 
methods include determination of the total or freely dissolved 
concentration of the chemical in pore water (e.g., Sormunen et 
al., 2008b; Hawthorne et al., 2009; Cornelissen et al., 2010), the 
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use of semipermeable membrane devices (SPMDs) (e.g., 
Vinturella et al., 2004), and Tenax extractions. While Tenax 
extractions require the shaking of a mixture of the soil or 
sediment and water together with Tenax beads and therefore 
seem to reflect more accurately the desorption of the chemical 
from a disturbed sediment to water (due, e.g., to dredging or 
flooding) than its bioavailability from an undisturbed sediment, 
SPMDs and POM strips can be buried in relatively undisturbed 
soil or sediment in situ. The rapidly desorbed fraction, as 
determined by desorption studies with Tenax, is, however, 
thought to equal the fraction of the chemical available for 
equilibrium partitioning (Cornelissen et al., 1997a), and it has 
been observed to correlate with the bioavailability (BSAF) of 
some HOCs (Kraaij et al., 2001). ten Hulscher et al. (2003) found 
the fraction of PAHs, PCBs and CBs removed from sediments 
and soils by six-hour Tenax extraction to largely explain 
variability in BSAF values for aquatic and terrestrial 
oligochaetes. While Kukkonen et al. (2004) found the best 
correlation to be between log BSAF for L. variegatus and Diporeia 
species and the rapidly desorbed fraction of PAHs and PCBs, 
rather than the fraction desorbed in either 6 or 24 hours, 
Landrum et al. (2007) found a linear relationship between the 
lipid-normalized concentration in the animal and the OC-
normalized concentration in sediment extractable by Tenax in 
six hours (both on log scale); this applied to a large variety of 
data covering different sediments, compound classes (PAHs, 
PCBs, CBs, DDE, DDD) and oligochaete species. 
Matching desorption and bioaccumulation data from soils or 
sediments are not available for many modern pesticides. Such 
datasets have, however, been produced for pendimethalin 
jointly by Mäenpää et al. (2003) (bioaccumulation) and in work II 
(desorption), for chlorpyrifos separately by You et al. (2006) and 
in work I, for permethrin by You et al. (2006 and 2009), and for 
bifenthrin by You et al. (2009). With the exception of the 
chlorpyrifos data from work I, these pesticide data fall on the 
regression line determined by Landrum et al. (2007) very well 
(Figure 4). This lends further support for the usefulness of the
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Figure 4. Pesticide data from bioaccumulation and desorption studies as compared to 
the regression line obtained for a variety of HOC data by Landrum et al. (2007): 
pendimethalin (♦) according to work II and Mäenpää et al. (2003), chlorpyrifos (■) 
according to work I, chlorpyrifos (□) according to You et al. (2006), permethrin 
according to You et al. (2006) (o) and You et al. (2009) (O), and bifenthrin (Δ) 
according to You et al. (2009). 
Tenax extraction method in predicting the bioaccumulation of 
HOCs, at least from sediment to oligochaetes.  
Since the chlorpyrifos data by You et al. (2006) fall on the 
regression line by Landrum et al. (2007), the fact that the other 
chlorpyrifos data from work I fall clearly above the line is 
interesting. The same phenomenon is apparent as the much 
higher BSAF values obtained for chlorpyrifos (I) than by You et 
al. (2006) (6.2–99 at steady state and 4.7–6.5 at 14 d, respectively). 
The same animal was used (L. variegatus) and the experimental 
methodology was similar, including a similar level of sediment 
concentrations (4.5–45 and 3.5–19 μmol/kg, respectively). 
Barring laboratory or calculational errors, the difference may be 
due to sediment properties; chlorpyrifos may for some reason 
simply be more bioavailable to L. variegatus from the sediments 
used in work I. Some of the difference may also be due to the 
different lipid contents determined for the L. variegatus worms 
 63 
used in these studies (work I ca. 1.0 %, You et al. (2006) ca. 1.5 % 
at 14 d); this difference may either be real or it may be due to the 
different methods of lipid determination used (gravimetric and 
spectrophotometric, respectively). According to recent genetic 
research (Gustafsson et al., 2009), oligochaetes known as L. 
variegatus, including those used in laboratory experiments, 
actually represent a number of different species, and therefore 
an actual morphological difference is possible. In the case that 
the lipid content of the L. variegatus worms used by You et al. 
(2006) was truly higher, a perhaps significantly higher storage 
lipid content in particular is implied. A large portion of the total 
lipid content of L. variegatus consists of structural phospholipids 
rather than storage lipids (unpublished data, Laboratory of 
Aquatic Ecology and Ecotoxicology, University of Eastern 
Finland; Bremle and Ewald (1995) also found only 34 % of the 
lipid content of oligochaetes to consist of non-polar lipids), but 
the lipid determination methods used in these experiments, 
both based on determining lipids obtained by chloroform-
methanol extraction, do not differentiate between the two types. 
It should also be noted that the BSAF values reported by You et 
al. (2006) were calculated directly from sediment and animal 
concentrations after 14 d of exposure, while the BSAF values 
from work I are derived from BAFs at the steady state calculated 
using a bioaccumulation model by Landrum (1989) (equation 5). 
According to You et al. (2006), BSAFs calculated from sediment 
and animal concentrations at 28 d were clearly lower (1.5–2.3) 
than those at 14 d, implying biotransformation of the compound 
by the animal. The peak in the bioaccumulation of HOCs to L. 
variegatus has been reported to occur at 4–14 days (van Hoof et 
al., 2001). The bioaccumulation data from work I imply that in 
this experiment, bioaccumulation did not peak within 10 d, but 
whether equation 5 predicts this peak accurately from the data 
used is unknown. Of course, the peak of bioaccumulation in the 
study by You et al. (2006) is also unknown. 
While the rapidly desorbed fraction (Frapid) of a compound 
from a sediment seems a more logical and reliable indicator of 
bioavailability than the fraction desorbed within a fixed time 
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such as six our twenty-four hours, determination of the rapidly 
desorbed fraction is not straightforward. Firstly, it requires the 
time-consuming determination of an adequate stretch of the 
desorption curve of the compound from the given sediment (as 
shown in Figure 5). Secondly, the size of Frapid greatly depends 
on the choice of desorption model, and it is unclear whether a 
two- or three-compartment first-order desorption model 
(equation 6 or 7) should be chosen in each case. Both models 
tend to fit desorption data well and create nearly identical 
desorption curves. If the desorption data cover a long period of 
time ranging over several months or longer, the use of the three-
compartment model, which assumes fractions of rapid, slow 
and very slow desorption (Frapid, Fslow and Fveryslow), is probably 
justified; with desorption studies of relatively short duration, it 
is perhaps less defensible, since significant desorption from 
Fveryslow is actually expected to happen on a time scale of months 
to years (Cornelissen et al., 1997c). The three-compartment 
model, containing more fitting parameters, tends to fit the data 
somewhat better according to r2, but comparison by the extra 
sum-of-squares F-test (equation 12) may indicate that the 
simpler model is statistically superior. While according to such a 
comparison, the three-compartment model fit all of the 
desorption data for pendimethalin from four sediments (II) 
significantly better than the two-compartment model, the 
simpler model fit the desorption data for chlorpyrifos from two 
of these sediments better (I). It should also be noted that these 
desorption models are numerical and assume an ideal system of 
two or three distinct sediment compartments displaying distinct 
desorption kinetics; unless Frapid or some other parameter can be 
reliably and usefully correlated with, e.g., a bioaccumulation 
parameter, they have little value in data interpretation. 
The desorption curves of pendimethalin (II) and chlorpyrifos 
(I) from the same four sediments show fairly similar desorption 
for these compounds with the same level of lipophilicity (Figure 
5). While the desorption of chlorpyrifos was somewhat slower 
from all sediments, the most notable difference appears in 
desorption from S4, a highly sandy and almost completely
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Figure 5. The observed and modeled desorption of pendimethalin (II) and chlorpyrifos 
(I) from sediments S1–S4, as described in the references. 
inorganic sediment: the desorption of pendimethalin within 600 
h was swift and nearly complete, while that of chlorpyrifos was 
exceptionally slow and incomplete (likely due to its tight 
sorption to some inorganic fraction of this sediment, as
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discussed in work I). While the BSAF (6.2) of chlorpyrifos from 
the S4 sediment is not low as such, it is low compared to the 
BSAFs of this compound from sediments S1–S3 (Figure 3). 
Comparing the patterns of the BSAF values for pendimethalin 
and chlorpyrifos (Figure 3), as such of different magnitude, the 
difference in the relative level of BSAFs for S4 is particularly 
striking. This suggests that at least when comparing the 
behavior of a specific sorbed compound between sediments, a 
clear difference in the rapidity and completeness of short-term 
desorption between sediments also indicates a difference in 
bioaccumulation to L. variegatus from these sediments. 
3.2 MODELING SORPTION 
Another approach to sorption in risk assessment is the 
prediction of environmental concentrations by means of simple 
or complex modeling, generally on the basis of measured or 
estimated environmental concentrations. The simplest form of 
modeling is the linear partitioning model (equation 8), used for 
estimating the concentration of a hydrophobic organic chemical 
in soil or sediment on the basis of water concentrations, or vice 
versa. For hydrophobic organic chemicals, the variable organic 
fraction of the solid phase is the most important sorbent, and the 
partitioning coefficient (often named Kd instead of Ks when 
discussing soil or sediment as a whole as the sorbent) is 
generally normalized to the organic carbon content (Karickhoff 
et al., 1979): 
 
OC
d
OC f
KK =       (14) 
 
where fOC is the organic carbon fraction of the solid phase, and 
KOC is the organic carbon-water distribution coefficient of the 
chemical. KOCs have been estimated on the basis of Kow (the 
octanol-water distribution coefficient of the chemical) e.g. by 
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Karickhoff (1979), who proposed this equation for hydrophobic 
organic pollutants: 
 
21.0loglog -= owOC KK      (15) 
 
A distribution coefficient between organic matter and water 
(Kom) is sometimes used. While carbon content in fact varies 
among organic materials, in particular increasing with the 
maturity of the material as the portions of hydrogen, nitrogen 
and oxygen decrease, a common calculational assumption is 
that organic carbon forms a certain fraction of the mass of 
organic matter and that there is therefore a fixed relationship 
between KOC and Kom: 
 
omoc KK 74.1=       (16) 
 
The bioaccumulation factor BSAF can likewise be calculated 
as the following ratio: 
 
TOCs
wlipid
TOC
lipid
fC
CK
C
C
BSAF ==      (17) 
 
where Clipid is the lipid-normalized concentration of the chemical 
in the organism, and Klipid (often replaced by the octanol-water 
distribution coefficient Kow) is the lipid-water partition 
coefficient. 
The problem with distribution coefficients is that the ratio of 
the concentrations of a given chemical in water and in organic 
material is not constant in reality, particularly through a wide 
range of concentrations. KOCs have been observed to vary widely 
both between different soils and sediments and with 
concentration level, the latter also being apparent as nonlinear 
sorption isotherms. For example, the KOCs reported for 
chlorpyrifos, pendimethalin and PCBs (Mackay et al., 2006a,b) 
range from values far below those estimated by equation 15 to 
those in some cases exceeding Kow. Thinking of basic sorption 
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phenomena, this is most likely due to the heterogeneity of 
organic material and differences in sorption phenomena 
(absorption, adsorption) and strength among sorbent materials 
of different origin and maturity. 
The Freundlich model (equation 9) describes nonlinear 
sorption isotherms that are generally convex in shape, the 
partition coefficients decreasing with rising aqueous 
concentrations. This model is thought to merge a number of 
differently shaped sorption isotherms, each for the sorption of 
the chemical to different components of heterogeneous sorbents. 
The Freundlich isotherm is more realistic than the assumption of 
a linear sorption isotherm, at least over a wide range of 
environmental concentrations, and it generally fits 
environmental sorption data well. However, the Freundlich 
equation is empirical, and both of the fitting parameters (KF and 
n) generally have to be determined experimentally in each 
specific situation for reliable modeling. The parameters are, 
furthermore, dependent on temperature.  
Sorption modeling, particularly in connection with the 
prediction of bioavailability, is complicated further by the 
variable bioavailability of chemicals sorbed to different organic 
and inorganic solid materials, which is evident in the much 
wider range of observed bioavailability of sediment-associated 
HOCs than can be explained by the variable organic contents of 
those sediments alone (Cornelissen et al., 2005). Adsorption to 
carbonaceous geosorbents (CGs) plays a part in this. 
Multiphase partitioning models have been developed for 
predicting dissolved chemical concentrations while taking into 
account different sorption isotherms to the amorphous organic 
carbon (AOC) fraction of the solid sorbent and to the CG 
fraction of the solid sorbent. According to Burgess and Lohman 
(2004), the following equation could be used: 
 
1
,
-+= nwCGCGFAOCAOCd CfKfKK     (18) 
 
where KAOC is the partitioning coefficient to AOC, KF,CG the 
Freundlich partitioning coefficient to CGs, and fAOC and fCG are 
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the AOC and CG fractions of total organic carbon (TOC). As the 
CG fraction of TOC is generally around 10 %, fAOC may be 
approximated to fTOC (Cornelissen et al., 2005).  
The bioaccumulation factor BSAF from sediment containing 
CGs can likewise be calculated (Cornelissen et al., 2005): 
 
1
,
-+
=
n
wCGF
TOC
CG
AOC
lipid
CK
f
f
K
K
BSAF     (19) 
 
The advantages and disadvantages of the Freundlich 
sorption isotherm stated above also apply when using it to 
describe sorption to BC, although regarding interpretation, KF is 
expected to increase and n to decrease with increasing maturity 
of the sorbent (Cornelissen et al., 2005). The Langmuir (equation 
10) and PDM (equation 11) sorption isotherm models are more 
accurate adsorption models than the Freundlich model and 
certainly better suited for the interpretation of experimentally 
produced sorption isotherms; for the present, however, they 
remain difficult to parameterize for predictive purposes. 
As adsorption to CGs seems to vary according to the 
concentration of the chemical but also according to the chemical 
and physical properties of both the sorbate and the sorbent, the 
effect of various measurable properties and conditions on 
various parameters that characterize sorption has been explored 
both by measuring single-point distribution or sorption 
isotherms of various sorbates to various sorbents and by 
estimating parameters with the help of thermodynamic models. 
Polychlorinated biphenyls (PCBs) are an interesting group of 
lipophilic, nonpolar aromatic compounds, as the varying 
number and position of chlorine substituents within the group 
produces gradients in the physico-chemical properties of the 
congeners, such as molecular size (weight and volume), 
molecular planarity, lipophilicity (Kow) and water-solubility. The 
dataset formed by the experimental isotherms produced for the 
sorption of the same eleven PCB congeners (see 2.2.2.) to three 
CGs, traffic soot and coal (work III) and charcoal (Koelmans et 
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al., 2009) over a range of low, environmentally relevant 
concentrations (10-12–10-9 and 10-11–10-6 g/L, respectively) is 
useful for assessing the performance of the Langmuir and PDM 
models and of various methods for estimating their parameters. 
The experimental isotherms to traffic soot and coal are 
presented in Figure 6, while some fits of the PDM and dual 
Langmuir models to these isotherms are presented in Figure 7. 
3.2.1 Langmuir models 
The form of Langmuir sorption isotherm models is given above 
in equation 10. Using these models to account for nonlinear 
sorption to black carbon in the environmental context, the total 
distribution coefficient can be calculated as follows (single 
Langmuir): 
 
wTOC
CG
AOCd bC
bQ
f
fKK
+
+=
1
max     (20) 
 
or (dual Langmuir, DL): 
 
 ÷÷
ø
ö
çç
è
æ
+
+
+
+=
wwTOC
CG
AOCd Cb
bQ
Cb
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f
f
KK
2
22max,
1
11max,
11
  (21) 
 
The bioaccumulation factors (BSAF) in turn can be calculated 
as follows: 
 
wTOC
CG
AOC
lipid
bC
bQ
f
f
K
K
BSAF
+
+
=
1
max
    (22) 
 
or 
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Figure 6. Isotherms for the sorption of 11 PCB congeners from water to A) traffic soot 
and B) anthracite coal (III). White markers refer to non-ortho- (planar), grey ones to 
mono-ortho- (nonplanar), and black ones to di-ortho-substituted (nonplanar) PCB 
congeners. 
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Figure 7. Examples of fits of the dual Langmuir (A-B) and the Polanyi-Dubinin-
Manes (C-D) sorption isotherm models with experimental isotherms of PCB sorption 
to traffic soot (A,C) and anthracite coal (B,D). Congeners (left to right): (A) 156, 138, 
72, 18, (C) 156, 118, 101, 18, (B and D) 77, 156, 101, 52. 
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3.2.1.1 Parameterization 
 
Langmuir sorption affinity (b) 
The Langmuir affinity b is the equilibrium constant for the 
adsorption reaction, and it is assumed to vary very little 
between sorption to different CGs on account of the 
thermodynamically similar sorption mechanisms (van Noort, 
2003). van Noort (2003) developed a model for estimating the 
Langmuir affinity b for the single Langmuir sorption model on 
the basis of molecular properties, using the solid solubility and 
the entropy of melting of the compound: 
 
÷
ø
ö
ç
è
æ -D=
R
molKJS
S
b m
S
15
exp1     (24) 
 
where SS (e.g., μmol/m3 or nmol/L) is the solid aqueous 
solubility and ∆Sm (J/molK) the entropy of melting of the 
sorbate, and R is the ideal gas constant (J/molK). This equation 
predicts lower Langmuir affinities for nonplanar than for planar 
polychlorinated biphenyls, which is supported by the Langmuir 
modeling of a set of PCB sorption isotherms to anthracite coal 
and traffic soot (III), and to charcoal by Koelmans et al. (2009), 
although the differences were only partially significant. 
However, the modeled Langmuir affinities were significantly 
larger for coal than for traffic soot and charcoal. If the single 
Langmuir model can be considered to describe sorption with 
adequate correctness, this suggests a difference in the nature or 
distribution of the sorption sites of these sorbents for PCBs. As 
demonstrated in Figure 8, the Langmuir affinities produced by 
single Langmuir modeling of experimental isotherms by 
Koelmans et al. (2009) and in work III also have a much 
narrower range (charcoal 1–70, traffic soot 3–80 and coal 9–400 
m3/µmol) than those estimated by van Noort et al. (2004) for the 
same PCB congeners using equation 24 (0.04–2000 m3/µmol). 
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Figure 8. Single Langmuir sorption affinity b: estimates for PCB sorption to CGs in 
general (van Noort et al., 2004), and parameter values obtained by modeling 
experimental PCB sorption isotherms to traffic soot and anthracite coal (III) and 
charcoal (Koelmans et al., 2009).  
 
The use of the dual rather than the single Langmuir model is 
supported by, e.g., Pikaar et al. (2006) and van Noort (2006), who 
have modeled experimental sorption data and point out that 
Gibbs free energies for adsorption of nonpolar organic sorbates 
to CG sorbents in their pure form or to CG-enriched sediment, 
relative to the pure liquid or solid state of the sorbate, are fairly 
constant for two distinct types of sorption sites that differ 
substantially in affinity. The Gibbs free energy (ΔG) of 
adsorption is calculated from the Langmuir affinity b as follows: 
 
bRTG ln-=D       (25) 
  
where b is expressed on a mole-fraction basis (mol/mol), 
calculated either by dividing b (m3/μmol) by Henry’s law 
constant (Pa*m3/μmol) and then multiplying by vapor pressure 
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(Pa), obtaining ΔG (J/mol) relative to pure liquid state (Pikaar et 
al., 2006), or by multiplying b (m3/μmol) by solid-state aqueous 
solubility (μmol/m3), obtaining ΔG relative to pure solid state 
(van Noort, 2006). 
Pikaar et al. (2006) found that fitting the sorption isotherms of 
a variety of nonpolar organic sorbates to activated carbon or 
charcoal to the DL model yielded two distinct and fairly 
constant ΔG levels of the adsorbed relative to pure liquid state, 
one at -5 kJ/mol (low-energy or LE type sorption site) and 
another at -15 kJ/mol (high-energy or HE type sorption site). 
Consequently, another way to estimate b would be: 
 
LS
RTGb )/exp( D-=       (26) 
 
where ΔG is the Gibbs free energy of the adsorbed relative to 
pure liquid state of the sorbate (for either LE or HE type 
sorption site), and SL is its liquid-state aqueous solubility (e.g., 
μmol/m3). 
van Noort (2006) found that, relative to the pure solid state, 
the ΔGs of the sorption of a variety of CBs, PAHs and PCBs to 
CG-rich sediments calculated from kinetic sorption data by 
Vrind et al. (2006) and from the distribution coefficients 
determined by Jonker and Smedes (2000), as well as those 
modeled by Pikaar et al. (2006), also have two distinct values at 
approximately -11 (LE) and -23 kJ/mol (HE), particularly when 
variation is reduced by correcting ΔGs for the molecular 
symmetry of the various sorbates: 
 
slnRTGGcorrected +D=D      (27) 
 
where σ (-) is the molecular rotational symmetry number, or the 
number of different but equivalent arrangements that can be 
achieved by rotating a rigid molecule. 
The DL modeling of the experimental PCB sorption 
isotherms to traffic soot and coal (III) was not considered 
successful, as the model could not be fit to some isotherms, 
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while others yielded parameter values with very high standard 
errors and partly of nonsensical magnitudes (probably due to a 
combination of low concentrations and, in the case of many 
individual isotherms, a low number of data points). Converting 
the obtained b values to ΔGs relative to pure solid state 
according to equation 25 (correcting for molecular symmetry in 
the cases of PCBs 52, 77 and 169 according to equation 27), 
however, yields HE values for both sorbents that are generally 
not far from the value -23 kJ/mol obtained by van Noort (2006) 
and average very nearly within -23 ± 2 kJ/mol (Table 7A). The 
corresponding ΔG values for LE sites are systematically higher 
than the expected -11 kJ/mol, particularly in the case of coal 
(Table 7B). Modeling the same isotherms using fixed values of b 
converted from the values of ΔG mentioned above was fairly 
successful in the case of traffic soot, but the LE part of the 
modeled isotherm fell below the measured data points for 
several of the traffic soot and almost all the coal isotherms. The 
LE part almost universally fell below the measured data points 
when similarly modeling the sorption isotherms of the same 
PCBs to charcoal, which reach higher solubility-normalized 
aqueous concentrations of 0.01, where about 50 % of LE sites are 
expected to be occupied (van Noort 2006, informal 
communication; original charcoal isotherm data by Koelmans et 
al., 2009). It therefore appears that if DL applies to these 
isotherms, -23 kJ/mol may serve as a functional estimate for ΔG 
of the sorption of polychlorinated biphenyls to the HE sorption 
sites of CG or CG-rich sorbents and for estimating the value of b 
for Langmuir modeling, particularly at low aqueous 
concentrations; for LE sites, however, ΔG -11 kJ/mol is probably 
too low and possibly not constant among sorbents or sorbates, 
leading to underestimation of sorption and overestimation of 
bioavailability at concentrations above the maximum adsorption 
capacity of HE sites. It should be noted that absorption to the 
AOC fraction, present also in “pure” CGs unless removed by 
combustion or extraction, may affect the shape of the isotherm 
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at concentrations above the levels at which adsorption to HE 
sites dominates sorption (Endo et al., 2009; Koelmans et al. 2009). 
In conclusion, if the single Langmuir model is applied, it 
should be noted that equation 24 appears to predict the effect of 
sorbate planarity on Langmuir affinity correctly in the 
qualitative sense, but differences between sorbents are not 
considered, and the variation of b values among sorbates 
appears to be exaggerated. For the dual Langmuir model, 
equation 26 (together with equation 27 whenever it applies to 
the sorbate in question) appears to produce good estimates of 
sorption affinity for high-energy sorption sites when the ΔG 
value of -23 kJ/mol (van Noort, 2006) and the solid solubility of 
the sorbate are used. For low-energy sites and the upper end of 
the sorption isotherm, the use of the ΔG value of -11 kJ/mol (van 
Noort, 2006) seems to lead to underestimation of sorption 
affinity (and consequently sorption itself) to a degree that varies 
by CG. However, for conservative exposure assessment 
purposes, both ΔG values are useful. 
 
Maximum adsorption capacity (Qmax) 
The Langmuir maximum adsorption capacity of a CG for a 
given sorbate can be established by observing a plateau at the 
top end of the sorption isotherm. In the case that there are 
several different types of sorption sites with different affinities 
and adsorption capacities for the sorbent (e.g., DL), visible 
bending of the isotherm is expected at the different Qmaxs. Qmaxs 
have, however, rarely been experimentally determined in this 
way. Either a single or a dual Langmuir model may be fit to 
isotherm data, but unless the obtained Qmax values match a clear 
plateau or bend in the isotherm, there is considerable 
uncertainty regarding the actual level of Qmax. 
The estimation of Qmax on the basis of properties of the 
sorbent and the sorbate is less advanced than the estimation of 
Langmuir affinities. It should also be noted that in 
environmental conditions, absolute values will always largely 
depend on the presence of competing sorbates, which include 
both natural organic compounds and anthropogenic 
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contaminants. Some examples of environmentally realistic Qmax 
(HE) values for HOC sorption to CG-rich sediments are 
reported by van Noort (2006) (for PCB congeners discussed 
here, log Qmax (μmol/kg) -0.62 to 1.32).  
van Noort et al. (2004) used single Langmuir affinities 
estimated by equation 24 and experimentally determined 
distribution coefficients for a selection of PAHs and PCBs to a 
selection of CG sorbents (Jonker and Koelmans, 2002a) to 
estimate maximum adsorption capacities of these sorbents for 
these compounds, utilizing the assumption that at very low 
concentrations (b*Cw << 1), the Langmuir model (equation 10) 
can be reduced to: 
 
maxbQK s =       (28) 
 
These estimates indicated a positive correlation of Qmax with 
the specific surface area (SSA) of the sorbent. It was also 
tentatively concluded that Qmaxs are lower for CG materials 
resulting from combustion (soots and ash) than for carbonized 
materials (coal), probably on account of their (assumed) higher 
oxygen content and therefore rougher sorptive surfaces. Among 
sorbates, Qmax appeared to decrease with molecular size (more 
specifically, the sorbate-sorbent contact area) and increase with 
increasing molecular planarity. The latter was interpreted as 
improved sorption of thinner molecules, such improvement 
suggesting that the sorption sites may be located in micropores. 
Neither the shape of the PCB isotherms produced in work III 
and by Koelmans et al. (2009) nor their single Langmuir 
modeling supports the Qmax values estimated by van Noort et al. 
(2004), although only some of the experimental isotherms cover 
the estimated Qmax. In the cases of traffic soot and coal, at least 
the Qmaxs for PCBs 118, 156 and 169 (and for traffic soot, 126) 
seem to be overestimated on the basis of the shape of the 
isotherm at the estimated Qmax, while the remaining estimated 
Qmaxs lie above the concentration ranges covered. While the 
mechanistic validity of the single Langmuir modeling of these 
isotherms is somewhat questionable, a comparison of the 
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modeled and estimated Qmaxs indicates that the variation of the 
modeled values is much narrower, and that they do not 
decrease with molecular size as expected (Figure 9). The 
experimental isotherms for charcoal by Koelmans et al. (2009) 
cover higher concentrations and seem to reach or almost reach a 
plateau for at least some of the PCB congeners, making single 
Langmuir modeling somewhat more valid. Their modeled Qmaxs 
also vary much less than the values estimated by van Noort et al. 
(2004) and do not decrease with molecular size. 
van Noort et al. (2004) also used multiple regression analysis 
to form the following equations for estimating Qmax*, or Qmax 
normalized to the SSA of the sorbent (nmol/m2): For planar 
PCBs (including congeners 77, 126 and 169): 
 
CAfQ OC *05.8*77.322.12*log max -+=    (29) 
 
For mono-ortho substituted PCBs (including congeners 28, 72, 
118 and 156): 
 
CAfQ OC *35.7*65.357.10*log max -+=   (30) 
 
For di-ortho substituted PCBs (including congeners 18, 52, 101 
and 138): 
 
CAfQ OC *44.5*14.399.7*log max -+=    (31) 
 
where fOC is the total organic carbon content of the sorbent and 
CA is the sorbate-sorbent contact area (relative to that of 
naphthalene). The Qmaxs calculated using these equations for 
each combination of the eleven PCB congeners and the three CG 
sorbents are of similar magnitude and display a similar pattern 
through the range of congeners as those estimated on the basis 
of Equation 28, although they tend to be higher for traffic soot 
and charcoal (Figure 9). For the sorption of PAHs to activated 
carbon, a similar equation obtained by multiple regression by 
van Noort et al. (2004) resulted in overestimation of Qmaxs 
compared to experimental sorption data (Walters and Luthy, 
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Figure 9. Single Langmuir maximum adsorption capacity Qmax for sorption of PCBs to 
traffic soot (A), anthracite coal (B) and charcoal (C): estimates on the basis of Qmax = 
Ks/b (diamonds) (van Noort et al., 2004), estimates on the basis of multiple regression 
(squares) (van Noort et al., 2004), and parameter values obtained by modeling 
experimental PCB sorption isotherms (triangles) (A-B work III; C Koelmans et al., 
2009). The dotted line marks the highest experimental concentrations. 
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1984), although it should be noted that activated carbons and 
their sorptive properties vary. 
Qualitatively, the single Langmuir modeling of the PCB 
sorption data in work III and by Koelmans et al. (2009) 
supported the hypothesis (van Noort, 2003) of a positive 
correlation of Qmax with sorbent SSA (Qmax levels charcoal > 
traffic soot > coal, the respective SSAs being 153, 59.4 and 3.5 
m2/g according to Jonker and Koelmans, 2002a). No support was 
found for a negative correlation with molecular size, which was 
predicted on basis of the estimates by van Noort et al. (2004). 
There was no clear support for a positive correlation with 
molecular planarity (van Noort et al., 2004), but there does seem 
to be a slight tendency for modeled Qmaxs to increase with 
planarity (Figure 9).  
Little can be said about estimating the two distinct Qmax levels 
of the probably more realistic dual Langmuir model, although 
qualitatively, the Qmax of the sorption sites with the lower 
sorption affinity for the sorbent (Qmax,LE) is expected to be 
distictly higher than that of the sorption sites with the higher 
affinity. Qmax,LE can also be expected to closely match the Qmax 
acquired by single Langmuir modeling, particularly if the 
modeled isotherm clearly reaches a plateau. Modeling the PCB 
isotherms using fixed values of b converted from the ΔG values 
of -11 and -23 kJ/mol proposed by van Noort (2006) by equation 
26, together with similar results from single Langmuir 
modeling, suggests that Qmax,LE may be fairly constant among 
sorbates, at least those as similar as the PCB congeners studied 
here, regardless of molecular size and planarity (Figure 10). 
(Due to the fact that the LE part of the modeled isotherms 
generally dropped below the measured data points toward the 
top end of the isotherm, particularly in the cases of charcoal and 
coal, values obtained by single Langmuir modeling are probably 
closer quantitative estimates of Qmax,LE. Similarly, a positive 
correlation of Qmax,LE with sorbent SSA is probable.) The same 
modeling results suggest that Qmax,HE does decrease with 
increasing molecular size (Figure 10).  
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Figure 10. Dual Langmuir maximum adsorption capacities Qmax obtained by modeling 
experimental PCB sorption isotherms to traffic soot (A), anthracite coal (B) and 
charcoal (C), using sorption affinity b estimates calculated from Gibbs free energy 
values -11 and -23 kJ/mol (van Noort, 2006). Triangles mark high-energy and circles 
low-energy sorption site Qmax. Original charcoal isotherm data by Koelmans et al. 
(2009). 
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In conclusion, absolute values of Qmax for either the single or 
the dual Langmuir model are hard to estimate, particularly 
under environmental conditions. Estimation of Qmax for pure 
CGs on the basis of equations 29–31, using physical properties of 
the sorbent and sorbate, seem to produce single Langmuir Qmax 
values (which should equal the dual Langmuir parameter 
Qmax,LE) that overestimate the variation of Qmax among congeners 
of different molecular sizes and planarities, and for the most 
part also overestimate the magnitude of the parameter. Among 
CG materials, a positive correlation of Qmax (and Qmax,LE) with 
sorbent SSA is expected but has not yet been either established 
or contradicted experimentally. Qmax,HE is expected to be 
significantly lower than Qmax,LE, and on the basis of dual 
Langmuir modeling of experimental PCB isotherms, there is 
some indication that Qmax,HE does correlate negatively with the 
molecular size of the sorbate. 
3.2.2 Polanyi-Dubinin-Manes (PDM) model 
The form of the PDM sorption isotherm model is given above in 
equation 11. Using this equation to account for nonlinear 
sorption to black carbon in the environmental context, the total 
distribution coefficient can be calculated as follows: 
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The bioaccumulation factor (BSAF) in turn can be calculated 
as follows: 
 
( )
w
d
w
TOC
CG
AOC
lipid
C
Z
CSRTQ
f
fK
K
BSAF
ú
ú
û
ù
ê
ê
ë
é
÷
ø
ö
ç
è
æ-
+
=
ln
expmax
 (33) 
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3.2.2.1 Parameterization 
The PDM sorption isotherm model largely stems from the 
modeling of sorption to activated carbons, which have often 
been used as model CG sorbents (e.g., Pikaar et al., 2006). It has 
been used for modeling the adsorption of organic contaminants 
to natural sorbents by, e.g., Xia and Ball (1999) and Kleineidam 
et al. (2002). There is, however, some concern as to whether the 
assumptions of this model are valid enough in the case of the 
sorption of organic contaminants to many CG sorbents (e.g., 
Sander and Pignatello, 2005). 
While the PDM adsorption model is thermodynamically 
based, its parameterization and the interpretation of these 
parameters is far less intuitive than that of, e.g., the Langmuir 
models. Mathematically fairly complex, when parameterized to 
optimize the fit to experimental sorption isotherms, it generally 
produces a convex curve. The parameters Z and d, in particular, 
are not well understood and are often treated as mere fitting 
parameters; however, both parameters do relate to physical 
aspects of adsorption, and some qualitative and even 
quantitative guidelines can be given regarding their value. 
The experimental isotherms for the sorption of eleven PCB 
congeners to traffic soot and coal (III) and charcoal (Koelmans et 
al., 2009) were all fit to the PDM model and, as with the 
Langmuir models, provided some indication of the effect of 
certain sorbent and sorbate characteristics on various 
parameters. It should, however, be noted that, when plotted on 
a Polanyi basis (adsorbed sorbate volume per mass of sorbent 
versus adsorption potential density, the latter calculated as 
RTln(Sw/Cw)/Vm; Figure 11), the isotherms of sorption to coal or 
traffic soot (charcoal data not plotted) did not fall on a single 
line, as would be expected of chemically similar compounds 
according to the Polanyi theory (Manes, 1998). However, this 
may be explained by the fact that all of the congeners were solid 
rather than liquid at the experimental temperature (melting 
points being in all cases above 40 ºC according to Mackay et al., 
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Figure 11. Isotherms of PCB sorption to traffic soot (A) and anthracite coal (B) plotted 
on a Polanyi basis. 
2006a), or possibly by the determination of these isotherms in 
mixture systems. Using subcooled liquid solubilities (only 
available for a few of the PCB congeners) instead of solid 
solubilities for calculating the adsorption potential, as suggested 
by Xia and Ball (1999), did not bring the Polanyi-plotted 
isotherms closer to each other. 
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Parameter Z  
The fitting parameter Z is described as a normalizing factor that 
represents the interaction forces responsible for the adsorption 
of different molecules (Crittenden et al., 1999). The parameter 
has sometimes been interpreted as the characteristic adsorption 
free energy (Sun and Zhou, 2008), and at least a connection with 
adsorption energies is certainly indicated by its unit alone 
(J/mol). Kleineidam et al. (2002) reported values of 8–19 kJ/mol 
for this parameter. If the other parameters remain unchanged, 
an increase of Z turns the isotherm curve gradually from gently 
sloping and concave to steep and convex. 
The PDM modeling of PCB isotherms yielded values of Z 
that were on the same level for coal and charcoal and lower for 
traffic soot, possibly reflecting the higher distribution 
coefficients measured for charcoal and coal (Jonker and 
Koelmans, 2002a). The pattern through the range of PCB 
congeners was similar for all sorbents. This pattern can also be 
seen when values of Z are plotted against molecular size (Vm) or 
any property of the PCB congener that strongly correlates with 
it (such as log Kow): within each planarity group, there appears 
to be a strong negative linear correlation (Figure 12), which may 
reflect the weakening of adsorption forces with increased 
molecular size through chlorination. However, it is harder to 
explain the low values of Z for the planar congeners, which have 
the highest distribution coefficients and are generally 
understood to bind most strongly to sorbents. It is possible that 
the fitting of the PDM model to the isotherms of planar 
congeners is for some reason less reliable than to the isotherms 
of the nonplanar congerers, and that higher values of Z would 
be physically more correct. 
 
Parameter d 
The fitting parameter d is an exponent that relates to the 
distribution of adsorption energies among the heterogeneous 
adsorption sites available for each sorbate (Allen-King et al., 
2002). It is generally reported to have a value between 1 and 5, 
and is often set to a whole number (Roque-Malherbe, 2000). 
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Conceptually, values close to 1, at least at low concentrations, 
are interpreted to indicate a Freundlich-type isotherm (Condon, 
2000b), which in turn is connected with an exponential 
distribution of sorption site energies (Hayward and Trapnell, 
1964). If, in addition, the value of Z is close to RT, a linear or 
nearly linear sorption isotherm is indicated (Condon, 2000b). 
The often-used value of 2 (the Dubinin-Raduschevich equation) 
is interpreted as indicating a log-normal energy distribution 
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Figure 12. Polanyi-Dubinin-Manes sorption isotherm model fitting parameter Z for 
the sorption of PCBs to traffic soot (A), anthracite coal (B), and charcoal (C) as a 
function of molecular volume (Vm), according to the level of sorbate molecular 
planarity: planar (●), nonplanar with one ortho chlorine (▲), and nonplanar with 
two ortho chlorines (□) (III; charcoal sorption data originally published by Koelmans 
et al. (2009). 
 
(Condon, 2000b; Allen-King et al., 2002). If other parameters 
remain unchanged, an increase of d turns the isotherm curve 
gradually from gently sloping to steep, a round shape changing 
into near linearity up to a relatively sharp bend, resulting in an 
isotherm that resembles Langmuir isotherms at high values of b. 
As the effect of an increase of d on the shape of an isotherm is 
largely similar to that of an increase of Z, it is not surprising that 
the values of d derived by fitting PDM to the PCB isotherms also 
correlated negatively with the molecular size (and correlated 
molecular properties) of the sorbates by planarity group, 
although less strongly than the values of of Z (Figure 13). 
Towards the largest congeners and the most linear isotherms, 
the values of d approached 1 and the values of Z approached RT 
(2.4 kJ mol-1 at 20 ºC), the closest combinations of the two 
corresponding well with those isotherms with a Freundlich
 92 
A
R2 = 0.9864
R2 = 0.9823
R2 = 0.3861
0.5
1.0
1.5
2.0
2.5
240 260 280 300 320
d
 (
-)
 
B
R2 = 0.5863
R2 = 0.7508
R2 = 0.6983
1
2
3
4
5
6
7
240 260 280 300 320
Vm (cm
3/mol)
d
 (
-)
 
exponent close to 1. Among these sorbents, the more linear 
traffic soot isotherms similarly yielded lower (and closer to 1) 
values of d than the coal and charcoal isotherms.  
It is possible to use a fixed d value of 2, as is often done in the 
literature (e.g., Kleineidam et al., 2002), for modeling all of the 
determined isotherms for PCB sorption to traffic soot, coal and 
charcoal. However, the isotherms modeled in this way tended to 
drop below the measured data points towards the top end of the 
isotherm. The negative correlation of Z with molecular size 
remained, although the dependency on planarity became less 
clear. 
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Figure 13. Polanyi-Dubinin-Manes sorption isotherm model fitting parameter d for 
the sorption of PCBs to traffic soot (A), coal (B), and charcoal (C) as a function of 
molecular volume (Vm), according to the level of sorbate molecular planarity: planar 
(●), nonplanar with one ortho chlorine (▲), and nonplanar with two ortho chlorines 
(□). Values for traffic soot and coal from work III, charcoal sorption data originally 
published by Koelmans et al. (2009). 
 
Maximum adsorption capacity (Qmax) 
Much of what was said about the Qmax(s) in the context of 
Langmuir models most likely applies to the same parameter in 
the context of PDM, including the fact that, as long as the actual 
shape of the adsorption isotherm up to a clear plateau is not 
known, considerable uncertainty remains. Of the values of Qmax 
derived by fitting the PDM model to the PCB isotherms, those 
for charcoal probably come closest to reality, since the isotherms 
reach high enough concentrations to start to bend clearly 
towards a plateau (Koelmans et al., 2009). If the hypothesis that 
there is a positive correlation of Qmax with sorbent SSA (van 
Noort et al., 2004) is true regardless of the model used, at least 
the Qmaxs modeled for traffic soot isotherms (III) are probably 
too high, possibly reflecting an incorrect value of the parameter 
d or Z resulting from the relative linearity of the isotherms. 
However, the values of Qmax obtained by fitting the PDM model 
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to these sorption isotherms seem for each PCB congener to 
correlate positively, and in many cases fairly linearly, with the 
pore volume of the sorbent (0.234, 0.01 and 0.108 cm3/g for 
traffic soot, coal and charcoal, respectively; Jonker and 
Koelmans, 2002a). There is also some indication that the Qmaxs of 
planar PCB congeners rise more steeply with sorbent pore 
volume than do those of nonplanar, particularly di-ortho 
substituted congeners (Table 8).  
  
Congener Slope Intercept r2 
Planar:    
PCB-77 70000 ± 20000 -1000 ± 3000 0.90 
PCB-126a) 61224 5387.8 N/A 
PCB-169a) 89796 1302 N/A 
    
Non-planar (mono-o):    
PCB-28 20000 ± 2000 100 ± 400 0.99 
PCB-72 14000 ± 9000 1000 ± 1000 0.69 
PCB-118 59000 ± 9000 -200 ± 1000 0.98 
PCB-156 70000 ± 1000 800 ± 2000 0.98 
    
Non-planar (di-o):    
PCB-18 20000 ± 3000 200 ± 400 0.98 
PCB-52 4000 ± 6000 800 ± 900 0.38 
PCB-101 20000 ± 3000 200 ± 400 0.98 
PCB-138a) 15306 1346.9 N/A 
Table 8. Parameters (± standard error) for the linear correlation of the Polanyi-
Dubinin-Manes sorption isotherm model parameter Qmax with pore volume of the 
sorbent. Sorbent pore volume data by Jonker and Koelmans (2002a), sorption 
isotherms and modeling from work III for traffic soot and anthracite coal, by Koelmans 
et al. (2009) for charcoal. a) Highest Qmax value (traffic soot) eliminated as an outlier, 
therefore only two data points. 
 
Aqueous solubility (Sw) 
While the aqueous solubility of the sorbate (Sw) is not a fitting 
parameter in PDM, with some hydrophobic organic compounds 
there is considerable uncertainty regarding the exact solubility, 
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even at a fixed temperature. The literature values, both 
experimentally determined and estimated, vary widely for, e.g., 
PCBs (Mackay et al., 2006a). A simple sensitivity analysis of the 
fitting of PDM to the experimental isotherms produced in work 
III, using different literature values of Sw, indicated that Qmax is 
insensitive to changes in Sw, but Z easily varied by 50 % and d 
by 20 % in both directions when minimum and maximum 
literature values were used. This adds to the uncertainty of 
absolute values and trends of modeled Z and d. 
3.3 SORPTION IN ENVIRONMENTAL FATE MODELING 
3.3.1 Pesticide fate models 
Sorption is only one of the types of phenomena affecting the fate 
and concentration of chemicals in the environment, others 
including transportation in various media by convection, 
diffusion and dispersion, transformation and degradation, and 
phase transfers (solution, volatilization). Attempts have been 
made to simulate this reality as an entity and therefore to 
predict or trace the fate of chemicals released into the 
environment. Types of multimedia environmental distribution 
models include thermodynamic models, such as so-called 
fugacity models, which use the thermodynamic tendencies of 
chemicals to escape from one environmental phase to another 
(e.g., from water (dissolved) to sediment (sorbed)) to describe 
the environmental distribution of chemicals at thermodynamic 
equilibrium under defined conditions. Kinetic models, which 
consider the dimension of time, are also concerned with the 
rates of various environmental fate processes and are better 
suited for predicting actual concentrations. 
Kinetic environmental fate models particularly concerned 
with sorption include the models developed for simulating the 
fate of pesticides spread on agricultural fields, often used in 
order to predict time-dependent presence (or even concentration 
levels) in groundwater or adjacent surface waters. Several such 
models are in current development and use in the process of 
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environmental risk assessment of pesticides, e.g., in the 
European Union and the United States. Pesticide fate models, 
often called leaching models, include soil column (root zone) 
models such as PEARL, PELMO, MACRO and PRZM, as well as 
older and somewhat less refined models, such as GLEAMS, 
VARLEACH and LEACHM and surface water models such as 
TOXSWA (Beltman et al., 2006), the latter specifically predicting 
pesticide presence and concentrations in a highly standardized 
edge-of-field surface water system, for example an agricultural 
ditch (including sediment). Some of the soil column models 
(MACRO, PRZM), while not covering surface water systems as 
such, have been developed particularly for the purpose of 
calculating the flux of the chemical into surface waters via 
drainage or soil surface run-off and erosion. With due 
consideration of their original purpose, assumptions and 
limitations, pesticide fate models can also be applied to simulate 
the fate of other organic chemicals in non-agricultural soils. 
On the basis of sensitivity analyses of each model (reviewed 
in work IV), all leaching models are sensitive to parameters 
connected with sorption and degradation, and in practice, 
simulation results largely depend on the parameterization of 
these two processes. Figure 14 presents a block diagram of the 
calculatory structure of a generic leaching model, illustrating the 
calculatory position of the sorption submodel. 
3.3.2 How sorption is modeled 
Leaching models handle sorption in various ways, sometimes 
offering the user several different options. Calculations are 
generally performed within each time step and soil layer or 
group of layers. The simplest approaches (GLEAMS, PRZM-3, 
VARLEACH) consider linear partitioning of the chemical 
between the water phase of the soil and organic matter (Kd, KOC 
or Kom, equations 8, 14, 16), although it is more common 
(LEACHM, MACRO, PEARL, PELMO) to offer a Freundlich-
type description of sorption (equation 9). Sorption to an 
inorganic component of the soil, such as clay, can sometimes 
also be considered (PEARL). Several models offer the possibility 
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of considering the effect of aging (increased sorption with time) 
and changes of temperature, moisture, organic content or pH on 
sorption, and in the case that Kds are entered directly, they can 
usually be given separately for the modeled soil layers. 
Some models (PEARL, MACRO) offer the option of dividing 
the soil into domains of equilibrium and non-equilibrium 
partitioning, with linear or Freundlich sorption within each 
domain; here partitioning within the equilibrium sorption 
domain is instantaneous, while sorption and desorption 
between the non-equilibrium and the equilibrium domain are 
considered to be slow sorption phenomena and modeled 
kinetically (Leistra et al., 2001; Larsbo and Jarvis, 2003). The 
submodel of PEARL that simulates sorption phenomena 
assumes that molecules sorbed to equilibrium sorption sites 
undergo degradation in the same manner as the molecules 
dissolved in the liquid phase, while molecules sorbed to kinetic 
sites are not degraded (Boesten et al., 2007). It should be noted 
that the conceptual equilibrium domain of soil consists of a 
liquid, gas and solid (also known as equilibrium sorption) 
phase, equilibrium partitioning of the chemical prevailing 
between and among these phases. Also, the as such artificial 
borderline between equilibrium and non-equilibrium sorption 
phenomena is understood to be that equilibrium sorption sites 
reach equilibrium within 24 hours, while non-equilibrium (long-
term) sorption sites do not (Boesten et al., 2007), 24 hours being 
the most commonly used time step in leaching model 
simulations. 
Current pesticide fate models do not consider adsorption to 
carbonaceous geosorbents as such, although it can in principle 
be dealt with as kinetic sorption to the non-equilibrium sorption 
phase of soil in the case that it is not considered completely 
irreversible and can be parameterized accordingly. Agricultural 
and other types of soils may contain significant fractions of 
various types of CGs, due, e.g., to atmospheric transport 
(Cornelissen et al., 2005) and crop residue burns (Yang and 
Sheng, 2003); according to the measured literature values 
reviewed by Cornelissen et al. (2005), CG/TOC varied from 0 to 
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to 36 % (median 4 %) in soil samples from around the world, 
and Yang and Sheng (2003) estimated that the consistent 
practice of crop residue burning may easily result in large 
fractions of highly adsorbing ash in topsoil. Due to current 
environmental regulation of chemicals in the Western world, 
relatively few pesticides in current use in, e.g., the European 
Union and North America are hydrophobic and planar and 
therefore likely candidates for significant sorption to CGs, 
although without specific experimentation, it is for the present 
difficult to say exactly which chemicals may show elevated 
sorption to CGs. For example, the pesticide atrazine, which is 
nearly planar, does not appear to sorb strongly to CGs, but 
nonplanar diuron does (Cornelissen et al., 2005). When 
simulating the environmental fate of many older pesticides and 
environmental contaminants, an option for modeling 
irreversible Freundlich, Langmuir or PDM sorption to the CG 
fraction of soil could be useful. Parameterization would, 
however, be challenging, particularly in the case of Qmaxs, as 
under environmental conditions many natural sorbates and 
other contaminants are likely to compete for adsorption sites 
(Cornelissen et al., 2005). 
Sufficiently correct parameterization is the challenge of using 
pesticide fate models, including their sorption submodels, for 
any purpose. For small-scale applications, such as simulating 
the fate of a certain chemical applied on a specific field, 
parameters values can be obtained by laboratory sorption 
studies with the chemical and soil material from the site, 
possibly separately from physically different layers of the soil. 
In the case of, e.g., PEARL, the Freundlich isotherm should be fit 
to sorption data points from such studies (Tiktak et al., 2000); 
experimental procedures and software have been developed for 
estimating parameter values for non-equilibrium sorption as 
well (Boesten et al., 2007). In the case of larger-scale and more 
generic applications, such as the regulatory risk assessment of 
proposed pesticides before they are permitted on the market, a 
number of standardized representative scenarios or a software 
system for managing large amounts of soil profile data generally 
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supplies the soil-related parameters, such as the organic matter 
content. As the screening phase of risk assessment needs to be 
conservative, compound-related parameter values should be 
chosen accordingly.  
3.3.3 Use of pesticide fate models in risk assessment 
Most current chemical risk assessment procedures (Council of 
the European Communities, 1991; EP and CEU, 2006; FIFRA, 
2006) are tiered, starting with a relatively simple but 
conservative first-tier risk assessment, which screens potentially 
problematic chemicals or uses for closer and more realistic 
scrutiny. Higher-tier assessments are more detailed and realistic 
but considerably more time-consuming and expensive than the 
first tier, and not all chemicals are considered worth the 
investment. 
Under the EU Council Directives 91/414/EEC (Council of the 
European Communities, 1991) and 95/36/EC (CEC, 1995), which 
are concerned with reviewing all active substances (e.g., 
chlorpyrifos) of plant protection products in order to approve 
them for inclusion in Annex I of the directive 91/414/EEC and 
for possible authorization and use in EU member states, the 
pesticide models PEARL, PELMO, PRZM and MACRO are used 
in a standardized way in order to determine first-tier predicted 
environmental concentrations (PECs) in groundwater. (Some of 
these models are used in differently standardized ways, not 
discussed here, for parallel determinations of PECs in surface 
waters, soil and air.) The standardization of groundwater risk 
assessment involves nine standard EU groundwater scenarios, 
so-called realistic worst cases, which describe combinations of 
crops, soils and climates actually occurring in the EU area. In the 
first tier of groundwater risk assessments, those of the scenarios 
that are relevant for the intended use of the substance are 
chosen for simulation with at least one appropriate leaching 
model. If groundwater concentrations exceeding 0.1 μg/L are 
simulated for all of the relevant scenarios, higher-tier studies 
showing that actual concentrations will not exceed this trigger 
value in at least one of the relevant use scenarios are required 
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for approval of the substance for inclusion in Annex I. Once a 
substance is approved, each EU Member State can use the 
available data and information in the national authorization 
process in order to identify potentially vulnerable situations in 
local use and to regulate the use of the substance accordingly on 
the national level. 
In higher-tier studies of pesticide risk assessment, the 
determination of PECs moves from conservative towards more 
realistic through laboratory and field studies on the 
environmental fate of the chemical. Particularly with new 
substances, field studies generally require approval from 
pesticide registration authorities on the basis of proposed study 
designs. On this level, modeling can be used as a tool for 
interpreting the results of laboratory and field studies, for 
recognizing areas where additional studies are needed, 
evaluating the proposed study designs, comparing chemicals 
and pesticide use procedures, and generally intergrating and 
making the best possible use of the gathered data (Zubkoff, 
1992). 
As EU pesticide risk assessment from the groundwater 
(drinking water) perspective is concerned only with 
concentrations, leaching model simulations with sorption 
described as linear or Freundlich partitioning to organic matter 
in soil, and parameterized according to realistic (laboratory-
determined) partitioning of the compound in question, should 
be adequately conservative for first-tier screening as far as the 
role of sorption is concerned. If the actual KOC in a given 
situation is considerably lower than the estimated value, 
concentrations in the aqueous phase of the soil and the leaching 
potential of the compound simulated on the basis of the 
estimated KOC will be underestimated. 
In higher-tier studies, tight sorption of the compound to 
some fraction(s) of soil and its impact on leaching and 
groundwater concentrations can be considered. The models that 
include a non-equilibrium kinetic sorption phase make no 
assumptions regarding the physical nature of this sorbing 
fraction, although lack of degradation of the compound is 
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assumed in this phase; it can therefore be used for the 
description of either aging or high-affinity sorption to CGs, if 
sufficiently accurate values for sorption parameters can be 
produced. However, the applicability and implications of such 
simulations for risk assessment and management beyond a 
single site must be considered. 
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4 Implications for risk 
assessment 
The consideration of sorption phenomena in environmental risk 
assessment of HOCs is twofold. Firstly, whenever a solid phase 
(such as soil or sediment or suspended solids) is involved, 
sorption, particularly to organic matter, is likely to strongly 
influence the concentrations of such contaminants in different 
phases of the environment. Secondly, the various sorption 
phenomena affect the bioavailability, and therefore toxicity, of 
contaminants sorbed to various materials in different ways. For 
first-tier risk assessments, it is desirable to take a simple and 
conservative approach to both these steps linking the presence 
of contaminants in the environment to their presence in and 
potential toxicity to the organisms of concern. Concentrations in 
the tissues of organisms should within reason be overestimated 
rather than underestimated, so that potentially harmful 
situations are with reasonable reliability screened for closer 
scrutiny. In higher-tier studies, more realistic methodology 
which demands more in terms of experimental effort and 
expense may be applied. It should be noted that the exact 
environmental phase of concern depends on the endpoint of the 
risk assessment, although freely dissolved concentrations in 
aqueous phases – groundwater, pore water of both soils and 
sediment, and the water column of surface waters – are most 
commonly of interest. 
Regarding the effect of sorption phenomena on partitioning 
between the aqueous and the sorbed state, the most 
conservative of the simple approaches appears to be partitioning 
by absorption to organic matter, which is considered to be linear 
over a large range of concentrations and relatively constant for a 
chemical when normalized to the organic carbon content of the 
sorbent (KOC, equation 14). However, environmental KOCs vary 
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widely and may be much lower than those estimated by 
equation 15. If the actual KOC in a given situation is considerably 
lower than the estimated value, aqueous concentrations of the 
chemical calculated on the basis of the estimated KOC will be 
underestimated; e.g., a difference of two orders of magnitude in 
KOC (or two log units in log KOC) will mean underestimation of 
aqueous concentrations by two orders of magnitude. If 
equilibrium partitioning of the compound (1.4.1.) is assumed to 
apply to bioavailability, underestimation of aqueous 
concentrations is irrelevant as such, as concentrations of 
compounds sorbed to the OC fraction decrease by only up to 10 
% even if log KOC drops from 5 to 1. As discussed in the 
following, however, the applicability of the equilibrium 
partitioning approach should be carefully considered. 
In higher-tier assessments, in addition to experimentally 
exploring realistic values of KOC for linear partitioning in a given 
situation, the possibility of strong adsorption of the chemical to 
highly mature organic materials, such as carbonaceous 
geosorbents or inorganic fractions such as clay, can be 
considered. Beyond the adsorption of highly planar aromatic 
compounds to CGs, such sorption behavior is currently difficult 
to predict on the basis of molecular structure and properties 
alone, and should be established experimentally whenever 
possible. It should also be noted that adsorption to CGs is likely 
to be significant only at low environmental concentrations and 
when the total organic content of the solid phase consists of CGs 
to a sufficient degree (Table 2), and that competition from both 
natural organic molecules and other contaminants for CG 
adsorption sites (as well as sheer blockage of such sites by 
natural organic material) may be strong, limiting the actual 
adsorption of the chemical of concern. There is some indication 
that adsorption to clay or to an unknown inorganic sediment 
fraction can lower the aqueous concentrations and 
bioavailability of some organic chemicals significantly at higher 
(μg/L or nmol/L) concentration levels (I). It has been estimated 
that the distribution coefficients of CG adsorption under 
environmental conditions are up to one order of magnitude 
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lower than those measured for the sorption of a single sorbate to 
a pure CG (Cornelissen et al., 2005). 
Depending on the situation and the data available, either the 
Freundlich, single or dual Langmuir or PDM sorption model 
(equations 9-11) can help to estimate CG adsorption. The use of 
the empirical Freundlich model in this context has been 
recommended, e.g., by Cornelissen et al. (2005), although this is 
mainly due to the limited use of the other sorption isotherm 
models. Neither Langmuir nor PDM models have so far been 
confirmed as mechanistically accurate, nor do they have any 
official status in environmental fate modeling. As Langmuir and 
PDM models have been used relatively little in CG sorption 
modeling, their parameterization is imperfectly understood, and 
thus comparison of their modeling results with others is more 
difficult than of those obtained with the Freundlich model. 
However, while the parameterization of the Freundlich model 
requires fitting the model to specific sorption data points, 
sorption affinities for the dual Langmuir model, particularly at 
very low concentrations of nonpolar organic compounds, can be 
calculated from Gibbs free energies estimated by van Noort 
(2006); environmental maximum adsorption capacities (Qmax), at 
least for high-energy (HE) adsorption sites, can apparently 
easily be two orders of magnitude lower (van Noort, 2006) than 
those modeled for sorption to pure CG sorbents (III). The same 
probably applies to Qmaxs according to the PDM model. Within 
groups of similar chemicals, such as polychlorinated biphenyls, 
the PDM parameters d (usually 1 to 5) and Z (usually 8 to 19 
kJ/mol) as well as dual Langmuir Qmax,HEs appear to correlate 
negatively with molecular size, and there is possibly a 
dependency on the degree of planarity as well (III; 3.2.1.1.; 
3.2.2.1.). Among different CG sorbents, higher maturity of the 
organic material (indicated by higher ratios of carbon to 
hydrogen, nitrogen and oxygen, or by soot carbon percentage 
determined by thermal oxidation, or possibly simply by the total 
organic carbon percentage) seems to indicate higher values of d, 
Z and Qmax,HE. Either the pore volume or specific surface area of 
the sorbent based on nitrogen adsorption is probably a good 
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comparative indicator of the level of Qmax according to PDM or 
single or dual Langmuir (in the last case, Qmax,LE), but which of 
these qualities is more important is still open and may vary by 
sorbent and sorbate. 
From the risk assessment point of view, adsorption to high-
affinity sorbents differs from absorption in the important sense 
that, under normal environmental conditions, it is considered 
potentially irreversible and therefore a sink for the chemical. It 
should however be noted that according to current 
understanding, strong adsorption to CGs essentially stops the 
degradation of the compound, and the possibility of such 
adsorbents under some circumstances acting as a significant 
source of the persisting chemical in the ecosystem should also 
be considered. Desorption from CGs has been observed to be 
very slow, even when the system is continuously disturbed 
(Cornelissen et al., 2005), or to require elevated temperatures 
(Cornelissen et al., 1997c) or extraction with strong organic 
solvents (Jonker and Koelmans, 2002b), but competing sorbates 
may displace even tightly bound sorbates (Cornelissen et al., 
1999). There is also some evidence that in the long term (over 
decades), the presence of vegetation on CG-containing 
sediments may accelerate the desorption of HOC contaminants 
(at least PAHs) and make it more extensive, and therefore 
probably make the contaminants more bioavailable (Nichols et 
al., 2008). 
Relating the actual bioavailability of contaminants to 
measurable characteristics of the contaminated solid material 
may be based on extraction or measurement of contaminated 
concentrations in a way that has a reasonably predictable 
relationship with bioaccumulation to an organism of interest, or 
simply on predicting bioaccumulation on the basis of known 
characteristics of the compound and the solid material. The 
most common form of the latter method, for sediments 
contaminated by HOCs, is based on the organic carbon content 
of the sediment and the lipophilicity of the compound (Kow), 
commonly assuming that the equilibrium partitioning approach 
(EqP) applies, and therefore the lipid and OC normalized 
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bioaccumulation factor BSAF is approximately 1–2. However, 
marked differences have been observed in the desorption 
behavior and bioaccumulation to L. variegatus of two equally 
lipophilic (log Kow ~ 5) pesticides from the same sediments. Since 
measured BSAFs may be at least an order of magnitude higher 
than the assumed value of 1–2 (up to 50–100 according to 
Mäenpää et al., 2003; Mäenpää and Kukkonen, 2006; I), resulting 
in correspondingly higher concentrations and presumably 
higher toxicity in exposed organisms, the applicability of EqP in 
conservative ecotoxicological risk assessment should be 
questioned, at least when not completely apolar compounds of 
lipophilicity up to log Kow ~ 5 are concerned. The Tenax-
extracted (6 h), OC-normalized concentration of the compound 
in sediment, as proposed by Landrum et al. (2007) for 
bioavailability prediction of PAHs and PCBs, seems to have a 
similar fairly predictable relationship with bioaccumulation to L. 
variegatus for lipophilic pesticides (log Kow 5–6), although 
underestimation of bioavailability by about one order of 
magnitude appears to be possible (3.1.2.). 
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5 Concluding remarks 
The suitability and parameterization of two conceptually 
different types of mechanistic adsorption isotherm model, 
Langmuir and PDM, for the predictive modeling of the sorption 
of HOCs to CGs were explored by modeling a set of 
experimental isotherms. As the mechanisms of such sorption 
remain poorly understood, neither model can at present be 
recognized as mechanistically accurate or selected as the better 
predictive model. The Langmuir sorption affinities (b) according 
to the dual Langmuir model can be estimated from two fixed 
levels of Gibbs free energies of adsorption (as given by van 
Noort, 2006) and the solid aqueous solubility of the sorbate. The 
PDM fitting parameters Z and d appear to depend on the 
planarity degree and molecular volume of the sorbate, although 
the relationships are not yet understood well enough for 
estimation purposes. As there are very limited useful 
experimental sorption data, the dependence of maximum 
adsorption capacities (Qmax) on sorbate or sorbent qualities 
remains largely unknown. Absolute levels of Qmax in the 
environment always depend on conditions. 
On a general level, the OC content of soils and sediments is a 
good predictor of the partitioning of HOCs between water and 
these materials, and the EqP approach (BSAF ~ 2) predicts 
bioaccumulation well. However, experimental results with 
natural sediments artificially contaminated with lipophilic 
pesticides indicate that sorption behavior and bioavailability can 
be affected by both the quality of the organic sorbent material 
and by some inorganic materials as well, and BSAFs may vary 
from 1 to 100 and be different for relatively nonpolar HOCs of 
similar lipophilicity. Also, while the linear relationship found by 
Landrum et al. (2007) for PAHs and PCBs between the lipid-
normalized concentration in oligochaetes and the OC-
normalized concentration in sediment extractable by Tenax in 6 
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h seems to generally apply to the bioavailability of lipophilic 
pesticides as well, this relationship was found not to be reliably 
conservative. Identifiable or measurable properties of chemicals 
or sorbing materials that would indicate divergence from 
equilibrium partitioning or from a predictable relationship 
between desorption and bioavailability, however, remain to be 
recognized. 
From the exposure assessment point of view, if HOC 
concentrations in water are of primary interest, the assumption 
of linear absorption to OC is conservative and therefore 
appropriate for first-tier risk assessments, provided that an 
appropriate value of KOC is used. In higher-tier assessments, the 
sorption nonlinearity resulting from tight adsorption to some 
soil or sediment components, such as CGs, can be considered. 
Concerning HOC bioavailability to organisms exposed to 
contaminated sediment or soil, experimental results indicate 
that the EqP approach is not necessarily conservative and the 
desorption behavior of the chemical may not accurately predict 
bioavailability either. For the first-tier ecological risk 
assessments of HOCs the environmental behavior of which is 
not well known, the use of BSAFs up to 100 is therefore 
preferable, and for higher-tier assessments, the actual 
bioavailability should be measured. 
 
 
NEEDS FOR FURTHER STUDY 
 
In order to improve the prediction of the environmental 
concentrations of HOCs, there is need to identify: 
 
·  organic chemicals with potential for tight adsorption to CGs 
or inorganic fractions on the basis of their molecular 
structure or properties,  
· inorganic soil or sediment fractions (beyond clays) which 
may act as tight adsorbents for organic chemicals, and the 
relevant environmental conditions, and  
 111 
· measurable qualities of organic matter (beyond the presence 
and quality of CGs) which explain the variation of KOCs and 
BSAFs.  
 
Similarly, factors which cause high BSAFs that are 
inconsistent with EqP remain to be identified, and a 
bioavailability model which is more reliably conservative than 
EqP is needs to be developed. 
Actual Qmaxs of various CGs for various HOCs would help to 
characterize the significance of sorbent and sorbate qualities for 
Qmax, which would clarify the mechanism(s) of HOC sorption to 
CGs (surface, pores or both?) and help to choose between the 
Langmuir and PDM models accordingly. For this purpose, 
sorption isotherms reaching to sufficiently high aqueous 
concentrations should be produced for combinations of CGs of 
various SSA and pore volume and PCBs of various molecular 
size and planarity. 
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ERRATA (PUBLICATIONS) 
Work I, p. 863, Section 2.9. The last paragraph should read as 
follows: 
 
Parameters describing bioaccumulation (bioaccumulation factor, BAF, 
and biota-sediment accumulation factor, BSAF) were calculated in 
three different ways: BAF = ks/ke, BAF = Ca(t = 240h)/Cs(t = 0h) (in which Cs 
was expressed as μmol kg-1 sediment (dw) and Ca as μmol kg-1 tissue 
(fw)), and BSAF = BAF normalized to the lipid content in the 
organism and the organic carbon fraction in the sediment. 
 
Work I, p. 865, Table 5. There is a decimal error in the values of 
ks (kslow) for the two-compartment model. The correct values are 
the following (unit 10-2 h-1): 
 
S1: 0.23 (0.05), S2: 0.11 (0.02), S3: 0.11 (0.02), S4: 0.073 (0.022) 
 
Work III, p. 2674, Section 2.5. In the penultimate paragraph, the 
reference Karickhoff (1979) should be Karickhoff et al. (1979). 
 
Work III, Supplementary material, p. 11, table caption should 
be: 
 
Tables S6A–B. r2 values for the fit of the models to traffic soot (A) and 
coal (B) sorption isotherms and the best model according to F-tests. 
 
Work IV, p. 728, Section 21.1.1.8. In the second paragraph, from 
the third sentence, the text should read as follows:  
 
Robustness analysis firstly, identifies the limits for the values of 
various input parameters beyond which the model will not function, 
secondly, pinpoints weaknesses, contradictions, and voids in the way 
the model describes reality by testing it in extreme situations, and 
thirdly, tests the flexibility of nominally fixed model parameters. 
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